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Mercury is a globally distributed, environmental contaminant. Quantifying the retention
and loss of mercury is integral for predicting mercury-sensitive ecosystems. There is little
information on how dissolved organic carbon (DOC) concentrations and particulates affect
mercury photoreaction kinetics in freshwater lakes. To address this knowledge gap,
samples were collected from ten lakes in Kejimkujik National Park, Nova Scotia (DOC: 2.6–
15.4 mg/L). Filtered (0.2 μm) and unfiltered samples were analysed for gross photoreduc-
tion, gross photooxidation, and net reduction rates of mercury using pseudo first-order
curves. Unfiltered samples had higher concentrations (p = 0.04) of photoreducible divalent
mercury (Hg(II)RED) (mean of 754 ± 253 pg/L) than filtered samples (mean of 482 ± 206 pg/L);
however, gross photoreduction and photooxidation rate constants were not significantly
different in filtered or unfiltered samples in early summer. DOC was not significantly
related to gross photoreduction rate constants in filtered (R2 = 0.43; p = 0.08) and unfiltered
(R2 = 0.02; p = 0.71) samples; DOC was also not significantly related to gross photooxidation
rate constants in filtered or unfiltered samples. However, DOC was significantly negatively
related with Hg(II)RED in unfiltered (R2 = 0.53; p = 0.04), but not in filtered samples (R2 = 0.04;
p = 0.60). These trends indicate that DOC is a factor in determining dissolved mercury
photoreduction rates and particles partially control available Hg(II)RED in lake water. This
research also demonstrates that within these lakes gross photoreduction and photooxida-
tion processes are close to being in balance. Changes to catchment inputs of particulate
matter and DOC may alter mercury retention in these lakes and could partially explain
observed increases of mercury accumulation in biota.
© 2017 The Research Center for Eco-Environmental Sciences, Chinese Academy of Sciences.
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Introduction

Mercury is a toxic metal that is present in the environment in
several forms. Elemental mercury (Hg(0)) is highly volatile, and
oll@acadiau.ca (Nelson J.

o-Environmental Science
is the dominant form in the atmosphere due to its low solubility
in water and high vapour pressure. Divalent mercury (Hg(II)) is
highly soluble and is the primary form deposited to freshwater
ecosystems. Once in these ecosystems,Hg(II) can readily bind to
O'Driscoll).
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particles and dissolved ligands (such as dissolved organic
matter (DOM)) in lake water (Allard and Arsenie, 1991; Garcia
et al., 2005a; Xiao et al., 1995). Some of the available Hg(II) in a
lake may be subsequently converted to organic mercury
compounds, primarily methyl mercury (CH3Hg(I)) which can
bioaccumulate in food webs and cause neurotoxic effects in
upper trophic level organisms (Schroeder and Munthe, 1998).

Dissolved gaseous mercury (DGM) is thought to be primar-
ily comprised of Hg(0) formed from in situ Hg(II) reduction
reactions (O'Driscoll et al., 2004; Schroeder and Munthe, 1998).
DGM can volatilise from water to air and thus be removed
from aquatic ecosystems (Fig. 1; O'Driscoll et al., 2005). Some
studies have shown that DGM volatilisation can equal the
mass of mercury input from wet deposition in many fresh-
water systems (Amyot et al., 1994; O'Driscoll et al., 2005), and
volatilisation from the world's oceans may account for
approximately 30% of total global mercury emissions to the
atmosphere (Mason et al., 1994). Although several mercury
cycling models, such as the Regional Mercury Cycling Model
(Harris et al., 1996), have been produced, there are still large
sources of error in the mercury flux values produced by these
models, particularly when comparing between ecosystems
(Schroeder and Munthe, 1998). One reason for the large errors
in mercury flux values may be that the specific processes and
fundamental reaction rates governing mercury photoreduc-
tion and photooxidation have neither been quantified, nor
related to lakewater characteristics (Lalonde et al., 2001).
Fig. 1 – Conceptual diagram showing relationships betweenmercu
divalentmercury (Hg(II)RED), dissolved organicmatter (DOM) and par
mercury photoreaction is proposed (adapted from Vost et al. (2012)
Atmospheric mercury is globally distributed and can be
deposited through rainfall and other deposition processes to
remote ecosystems with no point sources (Fitzgerald et al., 1998;
O'Driscoll et al., 2005). While deposition patterns vary, there is no
clear explanation as to why some remote lakes have elevated
levels of mercury while other similar lakes do not (Lavoie et al.,
2013). Research by the METAALICUS mercury research network
and others has shown that substantial amounts of Hg(II)
deposited to lakes are quickly reduced to Hg(0) by solar
radiation-driven reactions, and this volatilises back to the
atmosphere (38%–59% after eight weeks) (Amyot et al., 1997;
Orihel et al., 2007). Orihel et al. (2007) also suggest that the
remaining mercury that is not volatilised is more efficiently
incorporated into the foodweb thanpreviously- presentmercury;
however, recent work by Luo et al. (2017) found that with time,
the reactivity and bioavailability of mercury deposited to aquatic
environments may decrease, potentially through the formation
of mercury (II) sulphide (HgS) by photoreactions of mercury and
DOM. Therefore, the higher the efficiency of photoreduction, and
the greater the time elapsed since deposition, the less likely it is
that mercury will be retained in a lake and subsequently
methylated to thebioaccumulative form.Weknow fromprevious
work that ultraviolet (UV) radiation (280–400 nm) is key to both
photoreduction and photooxidation reactions of mercury in
freshwater systems (Amyot et al., 1994; O'Driscoll et al., 2006).

The lakes in Kejimkujik National Park (KNP), Nova Scotia,
Canada are an especially suitable system for this study not only
ry gross photoreduction, gross photooxidation, photoreducible
ticles in a typical freshwater lake. Intramolecular DOM facilitated
).
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because of their history of elevatedmercury contamination (Wyn
et al., 2010), but also because of their wide variability in DOM
concentrationswithin a small geographic area (Harris et al., 2002).
Many lakes in KNP are on low-lying topography, which results in
some lakes having large wetland areas in their catchments, high
dissolved organic carbon (DOC), and DOC-associated mercury
levels (Meng et al., 2005; Ravichandran, 2004).

Dissolved organic matter (primarily measured as DOC) can
influence a watershed's ability to retain or volatilise mercury,
since DOC is known to be a key ligand for many forms of
mercury in freshwaters (O'Driscoll et al., 2004; United States
Environmental Protection Agency, 2002). However, the relation-
ship between DOC and mercury photoreactions is still poorly
constrained, as it is unclearwhethermercury's associationwith
DOC enhances or inhibits mercury photoreactions. Amyot et al.
(1994) found that lakes with higher DOC concentrations had
lower Hg(0) production, and Tseng et al. (2004) found that DOC
plays a significant role in inhibiting the formation of DGM in
Alaskan lakes, suggesting that increased DOC either inhibits
radiation penetration, or complexes mercury in a way that
makes it unavailable for photoreduction. Other studies have
suggested that mercury evasion rates are independent of DOC
concentrations (Amyot et al., 1997; Wollenberg and Peters,
2009), and Amyot et al. (1997) determined that DGM production
was not influenced by the amount of available DOC in high
Arctic lakes. Yet other studies (Boudala et al., 2000; O'Driscoll et
al., 2004; Xiao et al., 1995), point to a positive relationship
between Hg(0) photoproduction and DOC. In lakes, where it is
believed that DOC is the ultimate electron donor in the Hg(II)
reduction mechanism, and the DOC-bound mercury may be
highly photosensitive (Jeremiason et al., 2015). Another con-
founding variable in determining the DOC effect on mercury
photoreactions is the presence of particulate material in
freshwaters, which may bind both Hg(II) and Hg(0) forms,
altering the amount available for photoreactions; Wang et al.
(2015) found that up to 70% of the Hg(0) in freshwater may be
bound to particulatematter and unavailable for photoreactions.
It is currently unknown to what extent photoreducible Hg(II) is
affected by the presence of particulate matter.

Knowing the concentration of DOC and levels of photo-
reducible Hg(II) in the water column are important factors for
determining the rate of DGMproduction, yetmost previous flux
studies have been field-based, making it difficult to determine
which factors have themost influence onmercury photoreduc-
tion. It is recognised that net photoproduction ofHg(0) is a result
of the balance between photoreduction and photooxidation in a
system; however, gross photoreduction and photooxidation
rate constants formercury in a series of lakes have not yet been
quantified, and the role of filtration on these processes is
currently unknown. Wang et al. (2015) recently concluded that
particulate-bound Hg(0) may comprise up to 70% of the
elemental mercury in natural waters, and that this fraction
was non-purgeable; however, the interactions between partic-
ulates, microbiology, and photochemical reactions are still
unclear. As such, we are presently unable to distinguish the
fundamental photochemical characteristics that partially con-
trol mercury accumulation or loss in lakes.

The aim of this research was to quantify gross photoreduc-
tion, gross photooxidation, and net photoreduction rates of
mercury for both filtered and unfiltered water from a series of
lakes in Kejimkujik National Park, Nova Scotia, with a range
of DOC concentrations. Using this data, we examined the in-
fluence of DOC and particulates onmercury photochemical rate
constants and the amount of photoreducible Hg(II). These
fundamental kinetic results are critical to future predictive
modelling, as an important tool for identifying and managing
freshwaters that retain mercury, and are therefore mercury-
sensitive ecosystems susceptible to mercury contamination.
1. Methods

1.1. Sampling and experimental preparation

Ten lakes (Big Dam East, Big Dam West, North Cranberry,
Grafton, Puzzle, Big Red, Mountain, Beaverskin, Peskowesk,
and Pebbleloggitch) were sampled in May of 2009, or in August
of 2010 (Appendix A Fig. SI-1). Big Dam East and Big DamWest
Lakes were also sampled in May of 2008 however Big Dam East
2008 summary data was not available for this paper. Lakes
were chosen to provide a wide range of DOC concentrations
(1.5 to 14.2 mg/L). Surface water was sampled from the middle
of each lake using a canoe, or from another representative site
within the lake. Water was collected in pre-cleaned 24 L HDPE
containers by hand just below the lake surface, using clean
powder free gloves. Containers were filled approximately ¾
full, and frozen at −20°C in the dark until analysis.

Water samples were thawed overnight at room temperature
before analysis, and thenwere kept at 25°C for thedurationof the
analysis. For the filtered treatment, vacuum filtration with
0.2 μm Teflon filters was performed, where residual organic
carbon was removed from Teflon filters before use by washing
each with 200 mL of organic carbon-free DI water. This filtration
techniquehasbeen shown to result inminimalmicrobial activity
for >8 hr in freshwater samples (Lean and Siciliano, 2003). Before
and after irradiation, water samples were sub-sampled in
triplicate for total mercury (THg) analysis, using trace clean
40 mL glass vials with Teflon caps, preserved with 1% BrCl, and
then stored in the dark at 4°C. Subsamples were also taken for
DOC and dissolved inorganic carbon (DIC) analysis, using 50 mL
polypropylene tubes, and frozen until analysis. Anion and cation
samples were taken using 50 mL polypropylene tubes; anion
samples were frozen until analysis and cation samples were
preserved with 1% OMNI-trace nitric acid.

Before use, all apparatus (300 mL sparger, silicone stoppers,
Teflon tubes, vacuum filtration apparatus) were autoclaved at
135°C for 20 min, placed in a 20% HCl acid bath overnight, and
then triple rinsed with Milli-Q deionized (DI) water. The system
(Appendix A Fig. SI-2) was then blanked for mercury by
irradiating with high intensity UV radiation (five UVA and five
UVB bulbs; see Appendix A Fig. SI-3) with mercury-free zero air
pumped through the systemuntil Hg(0) readingswere less than
0.01 ng/m3 (instrumental detection limit), as measured by a
Tekranmodel 2537B cold vapour atomic fluorescence automat-
ed mercury analyser.

1.2. Irradiation system and gross reduction analysis

The analysis system (Appendix A Fig. SI-2) consisted of a
300 cm3 quartz sparger (6 cm in diameter, 9.6 cm in height,



154 J O U R N A L O F E N V I R O N M E N T A L S C I E N C E S 6 8 ( 2 0 1 8 ) 1 5 1 – 1 5 9
with a platinum cured silicone stopper and Teflon tubes for
air flow) placed inside a LuzChem ORG photoreactor main-
tained at a constant temperature of 25 ± 1°C. Prior to
irradiation, mercury-free zero air from a Tekran model 1100
was bubbled through the 200 mL sample at 1 L/min, in the
dark, until readings were less than the Tekran model 2537B
instrumental detection limit (<0.1 ng/m3), removing any
existing DGM present prior to irradiation, and “blanking” the
samples. Blanked samples (filtered and unfiltered) were then
irradiated using one UVA and one UVB bulb in the LuzChem,
following themethods of Qureshi et al. (2010) and O'Driscoll et
al. (2004), while continuously bubbling with zero air and
quantifying gaseous Hg(0) production with the Tekran 2537B.
By continuously bubbling the sample at 1 L/min DGM was
purged as it was formed in the quartz sparger (Appendix A Fig.
SI-2), and so themercury oxidation/reduction equilibriumwas
pushed primarily towards reduction, as outlined by O'Driscoll
et al. (2006). The integrated spectral intensity applied to
samples by the LuzChem, for the 280–400 nm range, was
quantified to be 0.216 W/m2 inside the quartz sparger, using
an Ocean Optics USB 4000 spectroradiometer with a 10 m fibre
optic probe. In the UV portion of the spectrum, these lamps
approximate standard solar radiation at Earth's surface
(Appendix A Fig. SI-3). Irradiation of samples continued for
approximately 20 hr, or until purged Hg(0) concentrations
were consistently below the analytical detection limit
(<0.1 ng/m3).

The ~20 hr continuous mercury concentration data, collect-
ed for a gross mercury reduction analysis curve, was corrected
using the mean of ten readings taken following irradiation,
when Hg(0) concentrations were consistently below detection
limits of the instrument (0.1 ng/m3). Corrected mercury con-
centrations were plotted cumulatively, and as such the graph
approaches a maximum, which represents the total available
photoreducible mercury in the lake water sample (Fig. 2). The
pseudo first-order reduction rate constant (k value) was derived
using a pseudo first-order kinetics equation (O'Driscoll et al.,
2006), and fitting the integrated solution to the experimental
data (see Eqs. (1), (2) and (3)) using SigmaPlot 12.0.
Fig. 2 – Gross photoreduction, gross photooxidation, and net
photoreduction data and pseudo first-order fitted curves for
200 mL of filtered (abiotic) North Cranberry Lakewater, sampled
in May 2009.
The derivative for a first-order reaction showing loss of
reducible mercury is:

d Hg IIð ÞRED
� �

=dt ¼ −k Hg IIð ÞRED
� �

0 ð1Þ

where: d[Hg(II)RED]/dt is the change in photoreducible mercury
with time, and [Hg(II)RED]0 is the total amount of photoreducible
mercury available in solution. The integrated form of this
equation for a cumulative plot of the photoreduction product,
DGM, or Hg(0) in solution, is:

Hg 0ð Þt ¼ Hg IIð ÞRED
� �

0−e
kt Hg IIð ÞRED
� �

0 ð2Þ

This can be rewritten as:

Hg 0ð Þt ¼ Hg IIð ÞRED
� �

0 1−ekt
� �

ð3Þ

where: Hg(0)t (pg) is the mass of cumulative Hg(0), or DGM,
removed from solution at any time t (hr), [Hg(II)RED]0 (pg) is the
total mass of photoreducible mercury initially available in
solution (equal to the final amount of cumulative Hg(0)
produced), k (hr−1) is the photoreduction rate constant (hr−1),
and t (hr) is elapsed time (hr).

1.3. Net mercury photoreduction and photooxidation

To analyse net reduction rates, 270 mL of lake water (filtered or
unfiltered) was decanted into 9 pre-cleaned (sterilized, acid
washed and pre-irradiated) quartz glass beakers, and sealed
with silicone caps such that no air was present, preventing loss
of DGM to the headspace. A zero-hour sample was analysed for
Hg(0) immediately, and sub-sampled for other analyses. Sam-
pleswere irradiated and analysed forHg(0) at 1, 2, 5, 8, 12, 18 and
24 hr, and a 24 hr dark controlwas prepared and analysed. Prior
to analysis, 70 mL of the sample was discarded, and the
remaining 200 mLwas bubbled to quantify DGMusing a Tekran
2537B, similar to Qureshi et al. (2010).

Thenet reductionkinetic resultswere derivedusing the same
curve fitting technique for Hg(0) produced vs. time, as described
above for gross photoreduction. Once the gross reduction and
net reduction rate constants were determined, gross photooxi-
dation rate constants were derived by subtracting net photore-
duction data points from gross photoreduction data, and a
pseudo first-order reaction equation was fitted to the resulting
curve using SigmaPlot 12.0 (Fig. 2). Differences between groups
were tested by t-test with the Shapiro–Wilk normality testing.

1.4. Total mercury and dissolved organic carbon, anion, and
cation analyses

Non-irradiated water was sampled for total mercury (THg; in
triplicate), for dissolved carbon (DOC/DIC), and for easily
reducible mercury. Total mercury was quantified in samples
following United States Environmental Protection Agency (US
EPA) Method 1631 (United States Environmental Protection
Agency, 2002), using gold amalgamation cold vapour atomic
fluorescence spectroscopy with a Tekran model 2600. DOC
analysis was performed in triplicate using a Shimadzu TOC-V/
TOC-CPN with ASI-V auto-sampler analyser, which uses
thermal decomposition and wet oxidation, with CO2 detection
by infrared spectroscopy, to determine total carbon and
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inorganic carbon (organic carbon measured by difference).
DOC and anion samples were preserved by freezing in
polypropylene containers, with storage at −20°C and cation
samples preserved with 1% OMNI-trace nitric acid. Analysis
for sodium, magnesium, potassium, calcium, manganese,
zinc, barium, and iron was performed at Acadia University
using inductively coupled plasma–mass spectrometry (ICP–
MS; Perkin Elmer SCIEX ELAN DRC-e Inductively Coupled
Plasma–Mass Spectrometer) with a dynamic reaction cell
(DRC) to reduce mass interferences. Anions (chlorine and
sulphate) were quantified using a Metrohm ion
chromatograph.
2. Results and discussion

2.1. Total photoreducible mercury

An integrated pseudo first-order reactionmodelwas found to fit
all the gross mercury photoreduction data well (R2 > 0.98;
p < 0.0001; e.g. Fig. 2, AppendixA Fig. SI-4). In all lakes, unfiltered
samples had significantly higher concentrations of
photoreducible mercury, Hg(II)RED (mean = 754 ± 253 pg/L)
than 0.2 μm filtered samples (mean = 482 ± 206 pg/L) (t-test;
p = 0.04; Shapiro–Wilk normality p = 0.63). This indicates that
some Hg(II)RED was lost during the filtration process, either due
to the association of these mercury species with particles, or
binding to the filtration apparatus. This difference in filtered vs.
non-filtered Hg(II)RED may also indicate that bacteria and
microorganisms such as algae and phytoplankton play a role
in mercury photoreduction, since 0.2 μm filtration will remove
these organisms; however, it is not clear if these organisms
access the same pool of reducible mercury as abiotic photore-
actions (Baeyens and Leermakers, 1998; Deng et al., 2008;
Siciliano et al., 2002). It is further possible that microbes may
convert some of the mercury on particles into photoreducible
mercury (Hg(II)RED), similar to the mechanism proposed by
Pannu et al. (2014) in soils.

2.2. Gross mercury photoreduction and photooxidation

In this work, gross photoreduction rate constants ranged
from 1.63 × 10−3 to 3.42 × 10−3hr−1 in filtered samples, and
1.29 × 10−3 to 2.93 × 10−3hr−1 in unfiltered samples, for lakes
sampled in May of 2008 and 2009 (Table 1). Similar results
were found for the gross photooxidation rate constants,
which ranged between 1.42 × 10−3 and 3.04 × 10−3hr−1 for
filtered samples, and 1.21 × 10−3 and 2.78 × 10−3hr−1 for
unfiltered samples (Table 1). It can be seen in Table 1 that
the lakes sampled late in the summer season (August of 2010;
Pebbleogitch, Peskowesk, and Beaverskin lakes) have sig-
nificantly larger gross photoreduction and gross photooxida-
tion rate constants than the lakes sampled in early summer
(Table 1). It is interesting to note, however, that the net
photoreduction rate constants are in a similar range for all
lakes; this suggests that while the rate of both photooxidation
and photoreduction reactions has increased, the overall effect
on the net mercury reduction rate constant did not change
substantially, due to the close balance of photoreduction
and photooxidation reactions occurring in these lakes. The
near-balance of mercury photooxidation and photoreduction
observed in these lakes may suggest a common linking
component between lakes, such as the atmospheric deposi-
tion of reactive mercury being the dominant mercury pool
undergoing these photoreactions (Orihel et al., 2007).

Our data show that gross photoreduction (mean =
2.46 × 10−3hr−1, standard deviation (SD) = 6.72 × 10−4hr−1 for
filtered; mean = 2.07 × 10−3hr−1, SD = 5.08 × 10−4hr−1 for unfil-
tered) and photooxidation rate constants (mean = 2.04 ×
10−3hr−1, SD = 5.57 × 10−4hr−1 for filtered; mean = 2.00 ×
10−3hr−1, SD = 4.76 × 10−4hr−1 for unfiltered) are not significantly
different between filtered and unfiltered lakewaters, sampled in
early summer (respective t-tests; p = 0.2; p = 0.8); this demon-
strates that the rate constants of these mercury photoreactions
are not significantly affected by the presence of particles or
particle-bound mercury species in solution. This result is in
contrast to the results for photoreducible mercury amounts
(Hg(II)RED) presented above, which do show significant differ-
ences between filtered and unfiltered samples. This lack of an
effect on rate constants by the presence or absence of 0.2 μm
filterable material supports the conclusions of Qureshi et al.
(2010) and Beucher et al. (2002), who observed no substantial
influence of filtration (or biotic activity) on mercury reduction
rate constants in oceanwater. Relative standard error associated
with the derivation of the rate constant for gross photoreduction
was <1% in all cases and was higher for gross photooxidation
(<10% in all cases except 34% for BDE). The higher error on the
gross photooxidation results is a result of the higher error
associated with net photoreduction experiments due to the low
masses of mercury being quantified. There is very limited data
available in the literature for mercury photooxidation rate
constants. Lalonde et al. (2001) found the net mercury photo-
oxidation rate constant for a freshwater river was 0.26/hrwhich
is lower but not a good point of comparison for the gross
photooxidation rates measured here. Our results are more
comparable to the work of Garcia et al. (2005b) who calculated
gross mercury photooxidation rate constants for freshwaters
ranging from 0.02 to 0.07hr−1.

2.3. Net mercury photoreduction

Rate constants for net photoreduction were derived similarly
using a method analogous to that used for the gross photore-
duction determinations, and assuming pseudo first-order rate
kinetics using Eq. (3) (Table 1, Appendix A Fig. SI-5). The fit was
not as strong for these experiments (R2 values ranging 0.22 to
0.91, p-values ranging 0.0003–0.25), whichmay be a result of the
Hg(0) levels close to themethod detection limit being produced
at each 5-minute sampling period, and therefore being subject
to greater error. The mean concentration of net Hg(0) (i.e. DGM)
measured inwater fromall lakeswas approximately 8.5% of the
total Hg(II)RED for the gross photoreduction experiments (rang-
ing 15 to 80 pg/L; mean = 41 ± 17.5 pg/L). This result indicates
that there is amuch larger capacity formercury photoreduction
and volatilisation from these lakes that might be released with
decreases in gross photooxidation kinetics. The net mercury
reduction rate constants derived from the data for filtered
samples (ranging 1.28 × 10−5 to 8.30 × 101hr−1; mean =
1.15 × 101hr−1; SD = 2.71 × 101hr−1) and for unfiltered samples
(ranging 3.20 × 10−1 to 1.93 × 100hr−1; mean = 8.77 × 10−1hr−1;



Table 1 – Rate constants (k; hr−1) derived for gross photoreduction, net photoreduction, and gross photooxidation
of mercury with standard error from curve fitting technique and total photoreducible divalent mercury (Hg(II)RED;
pg/L). Note that lakes sampled in August 2010 are highlighted in grey, lakes sampled in May of 2008 and 2009 are
not highlighted.

Lake

Big Dam East (2009) 3.27E-03 1.64E-05 270 7.30E-01 1.28E+01 1.64E-03 5.58E-04

Big Dam West (2008) 2.19E-03 7.71E-06 475 5.05E-01 2.41E-01 1.98E-03 6.70E-05

Big Dam West (2009) 1.63E-03 6.80E-06 690 4.53E-01 3.10E-01 1.42E-03 6.62E-05

North Cranberry (2009) 2.46E-03 1.58E-05 615 4.56E+00 2.33E+01 2.17E-03 1.37E-04

Grafton (2009) 1.81E-03 1.46E-05 840 1.04E+00 3.46E-01 1.61E-03 1.20E-04

Puzzle (2009) 3.13E-03 5.39E-06 455 1.51E+00 1.91E+00 2.82E-03 7.02E-05

Big Red (2009) 1.81E-03 1.13E-05 240 1.28E-05 7.55E-02 1.67E-03 1.49E-04

Mountain (2009) 3.42E-03 2.22E-05 270 8.30E+01 4.58E-01 3.04E-03 1.51E-04

Beaverskin (2010) 8.15E-01 5.40E-03 NA 1.81E-01 1.36E+00 4.76E-06 3.86E-02

Peskowesk (2010) 3.07E-01 1.70E-03 NA 6.43E-01 2.57E-01 5.34E-06 7.80E-03

Pebbleloggitch (2010) 8.16E-02 4.00E-04 NA 4.36E-01 2.76E-01 9.58E-02 1.83E-02
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k (h
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)
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Error

Big Dam East (2009) 2.20E-03 1.13E-05 795 1.04E+00 8.63E-01 1.90E-03 8.36E-05

Big Dam West (2008) 1.63E-03 9.69E-06 835 5.03E-01 2.73E-01 1.53E-03 7.10E-05

Big Dam West (2009) 1.29E-03 1.51E-05 700 6.19E-01 2.89E-01 1.21E-03 9.15E-05

North Cranberry (2009) 2.16E-03 3.93E-06 975 7.80E-01 1.42E+00 1.79E-03 1.37E-04

Grafton (2009) 1.56E-03 4.81E-06 995 5.31E-01 5.14E-01 2.08E-03 2.55E-04

Puzzle (2009) 2.39E-03 7.52E-06 1005 1.30E+00 1.05E+00 2.24E-03 5.09E-05

Big Red (2009) 2.43E-03 1.71E-05 255 3.20E-01 1.05E-01 2.50E-03 1.24E-04

Mountain (2009) 2.93E-03 9.69E-06 470 1.93E+00 2.44E+00 2.78E-03 9.73E-05

Beaverskin (2010) 3.39E-01 2.35E-02 NA 1.05E+00 6.85E-01 2.06E-01 8.90E-03

Peskowesk (2010) 1.64E-01 8.00E-04 NA 7.62E-01 2.89E-01 4.89E-02 3.70E-03

Pebbleloggitch (2010) 1.12E-01 4.00E-04 NA 5.31E-01 5.14E-01 5.41E-02 2.40E-02

0.2 um Filtered Samples

Unfiltered Samples
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SD = 4.96 × 10−1hr−1) were more variable than those derived
from the gross photoreduction experiments (Table 1). Many
studies have focussed on the in situ net photoreduction of
mercury in aquatic systems; for example, Poulain et al. (2004)
determined that the DGM formation rate constant ranged from
0.76 to 1.4hr−1 in awetland area, and 0.21 to 0.47hr−1 for a pelagic
area. Another study by Amyot et al. (1994) determined the mean
net mercury reduction rate constant to be 0.10/hr. A review
by Vost et al. (2012) found that net mercury reduction rate
constants ranged between 0.1 and 2.2/hr for freshwater samples,
which are within the range of net mercury photoreduction
constants measured in this study for unfiltered water samples.
However, the unfiltered water samples show slower rates
possibly due to slow release of reducible mercury from solid
particles inunfiltered samples similar towhathas beenproposed
between soil particles and soil solution (Pannu et al., 2014).

2.4. Relationship of DOC and particulates with rate constants
and Hg(II)RED

Dissolved organic carbon, as well as major cations and anions
spanned a wide range in the lakes sampled (Appendix A Table
SI-1). Minimal variation was observed between pre- and
post-irradiation DOC concentration in samples (mean differ-
ence < 10%). These small variations were within acceptable
error, and could be a result of DOC mineralization or small
amounts of bacterial growth in the apparatus over the 24-hour
period.

DOCwas plotted against the gross photoreduction and gross
photooxidation rate constants for filtered and unfiltered lakes,
and also against Hg(II)RED (Fig. 3A, B, C). Gross photooxidation
rate constants were not significantly related to DOC in filtered
(R2 = 0.20, p > 0.10) or unfiltered samples (R2 = 0.0007; p > 0.10).
There was no significant linear relationship between DOC and
the gross photoreduction rate constants in either filtered (R2 =
0.43; p = 0.08) or unfiltered (R2 = 0.02; p = 0.71) samples (Fig. 3B).
While not statistically significant, the trend suggests that in
filtered water samples, as DOC increases, the rate at which
photoreducible mercury is converted to Hg(0) may slow; this
slowing of mercury photoreduction with increasing DOC in
filtered water agrees with findings of a study done by Garcia et
al. (2005a), who examined DOC fluorescence and DGM, finding
that DGM was negatively correlated with DOC. However more
data is required to determine if this trend is significant in larger
numbers of samples. In theunfiltered samples it is possible that
particulate-boundHg(II) andHg(0) that are variablewith respect
to biological transformations and photoreactivity interfere with
this relationship and so amuchweaker interaction is observed.

In contrast to the lack of significant relationships between
DOC and photoreduction rate constants, there is a significant
negative linear relationship (R2 = 0.53; p = 0.04) between DOC
and Hg(II)RED observed in unfiltered samples, and no



Fig. 3 – Dissolved organic carbon (DOC; mg/L) plotted against
(A) the gross photooxidation rate constant (hr−1; filtered R2 =
0.20, p > 0.10 and unfiltered R2 < 0.01, p > 0.10), (B) the gross
photoreduction rate constant (hr−1; filtered R2 = 0.43, p = 0.08
and unfiltered R2 = 0.02, p = 0.71), and (C) photoreducible
divalent mercury (Hg(II); pg/L; filtered R2 = 0.04, p = 0.60 and
unfilteredR2 = 0.53, p = 0.04) for both filtered (open circles) and
unfiltered samples (shaded circles), respectively, from 7 lakes
in Kejimkujik National Park (lakes sampled in 2008 and 2009).
No significant relationship was observedwith photooxidation
rate constants. Lakes sampled in August 2010 have substan-
tially larger gross photoreduction rate constants (see Table 1)
and are excluded from this graph.
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relationship (R2 = 0.04; p = 0.64) observed in filtered samples
(Fig. 3C). This result suggests that particulate-bound species of
mercury are likely driving the availability of Hg(II)RED in these
freshwaters, and this is linked to the availability of DOC in
solution. It is possible that the formation of flocculated
dissolved organic matter into particulate organic matter in
solution is the explanation for this relationship, which suggests
that much more information on the seasonal dynamics of this
particulate fraction and the availability of Hg(II)RED is required.
Due to the tight association between gross photoreduction and
gross photooxidation rate constants, similar relationships are
observed between DOC and gross photooxidation rate con-
stants for filtered and unfiltered lake samples.

Mercury photoreduction in lakes has been suggested to be
a key process regulating newly deposited reactive mercury in
freshwaters (Orihel et al., 2007). Luo et al. (2017) also suggested
that photoreactions might limit the availability of this
reactive mercury to be methylated. As such, photoreactions
may be critical to regulatingmercury uptake in food webs. Our
data supports the notion that both DOC and particulate
organicmatter play important role in determining the kinetics
of mercury photoreduction in lake water. While the role of
DOC has been suggested by numerous studies (Allard and
Arsenie, 1991; Amyot et al., 1994, 1997; Garcia et al., 2005a;
Mason et al., 1994), the importance of particulate matter has
only recently become clear (Wang et al., 2015). A major finding
of this study is that gross photooxidation and gross photore-
duction rates are close to being in balance for the sampled
lakes of Kejimkujik National Park, in the summer. In addition,
DOC and particulate matter are important characteristics
controlling the rate of mercury photoreduction and the
availability of photoreducible divalent mercury (Hg(II)RED). It
should be noted that a more detailed model of mercury
photoreactions among natural water ecosystems would also
need to include changes in dissolved ions as a predictive
factor affecting interactions with DOC and particles. As such,
any future changes in DOM and particulate content from
catchment inputs may significantly affect mercury photore-
actions, and therefore the balance of mercury retention versus
loss in these lake ecosystems (Fig. 1). This research may, in
part, help to explain temporal changes in mercury retention
in this location and ultimately the relatively high and
increasing levels of mercury found in biota of Kejimkujik
(Evers et al., 2007; Little et al., 2015; Wyn et al., 2010). Future
research should focus on seasonal and multiannual changes
in photoreducible mercury and particulatematter to see if this
is a plausible hypothesis for the mercury retention observed
in this freshwater ecosystem.
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