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Low-density polyethylene (LDPE) has been widely used as a sorbent for passive sampling of
hydrophobic organic contaminants (HOCs) in aquatic environments. However, it has seen
only limited application in passive sampling for measurement of freely dissolved
concentrations of parent and substituted PAHs (SPAHs), which are known to be toxic,
mutagenic and carcinogenic. Here, the 16 priority PAHs and some typical PAHs were
selected as target compounds and were simultaneously determined by gas chromatogra-
phy–mass spectrometer (GC–MS). Some batch experiments were conducted in the
laboratory to explore the adsorption kinetics of the target compounds in LDPE membranes.
The results showed that both PAHs and SPAHs could reach equilibrium status within
19–38 days in sorption kinetic experiments. The coefficients of partitioning between LDPE
film (50 μm thickness) and water (KLDPE) for the 16 priority PAHs were in good agreement
with previously reported values, and the values of KLDPE for the 9 SPAHs are reported in this
study for the first time. Significant linear relationships were observed, i.e., log KLDPE =
0.705 × log KOW + 1.534 for PAHs (R2 = 0.8361, p < 0.001) and log KLDPE = 0.458 × log
KOW + 3.092 for SPAHs (R2 = 0.5609, p = 0.0077). The selected LDPE film was also proven to
meet the condition of “zero sink” for the selected target compounds. These results could
provide basic support for the configuration and in situ application of passive samplers.
© 2019 The Research Center for Eco-Environmental Sciences, Chinese Academy of Sciences.
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Introduction

The freely dissolved concentrations of hydrophobic organic
contaminants (HOCs) are generally known to be indicative of
rcees.ac.cn (Hong Zhang).

o-Environmental Science
what is bioavailable for benthic organisms, and as well as for
potential human exposure through aquatic food webs (Chen
et al., 2008; Gilbert et al., 2015; Lin et al., 2018a). However, their
freely dissolved concentrations are difficult to determine and
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might be overestimated by some conventional methods, e.g.,
centrifugation or filtration, due to the high affinity between
dissolved organic matter (DOM) or colloids and HOCs in
waters (Cornelissen et al., 2008; Li et al., 2018; Moeckel et al.,
2014). Over the past decades, effective alternatives (e.g.,
passive sampling) have been developed to overcome some of
these difficulties (Booij et al., 2016; Lydy et al., 2014). Passive
samplers, such as semipermeable membrane devices
(Mutzner et al., 2019), silicone rubbers (Ahrens et al., 2018),
polyoxymethylene (Arp et al., 2015) and polyethylene devices
(Lao et al., 2019), have been applied for measurement of freely
dissolved concentrations of a wide range of HOCs (Lei et al.,
2018b; Mayer et al., 2014).

In particular, passive samplers using low-density polyeth-
ylene (LDPE) as the sorbent phase have been widely used to
measure freely dissolved HOCs (Borrelli et al., 2018; Sacks and
Rainer, 2011; Valderrama et al., 2016). LDPE membrane is
made of a micro-porous polymer, which can allow dissolved
molecular species to freely pass through the membrane while
the colloids or macromolecular organic matter are kept
outside (Booij et al., 1998; Tcaciuc et al., 2015). Because they
are biomimetic, cost-effective and technically simple (Joyce et
al., 2016; Lao et al., 2019; Lohmann et al., 2017), LDPE passive
samplers yield freely dissolved concentrations of HOCs
without physical protection in aquatic environments (Liu et
al., 2017). Therefore, it is critical to obtain the partition
coefficients for HOCs between the absorbed phase of the
passive sampler and the aqueous phase in the laboratory
before exploring their freely dissolved concentrations, bio-
availability and toxicity in field applications (Bao et al., 2012;
Zhu et al., 2018).

Among the most ubiquitous environmental HOCs of high
global concern, polycyclic aromatic hydrocarbons (PAHs) have
been widely detected in aquatic systems such as lakes, rivers
and wetlands (Lei et al., 2018a; Meng et al., 2019; Thuy et al.,
2018). Due to their potential carcinogenicity, teratogenicity
and mutagenicity, 16 PAHs have been regulated as priority
pollutants by the USEPA. Notably, some substituted PAHs
(SPAHs), e.g., nitro-PAHs (NPAHs), methyl-PAHs (MPAHs) and
oxy-PAHs (OPAHs), can be produced from their parent PAHs
via chemical or microbiological processes (Kojima et al., 2010;
Qiao et al., 2016). Like their parent PAHs, they can also be
directly introduced into aquatic systems by anthropogenic
activities, such as those from municipal wastewater in urban
areas, incomplete combustion and spillage of fossil fuel, and
vehicle exhaust (Gómez et al., 2012; Manolis and Stephanou,
2007; Qiao et al., 2014a). Since they are more toxic and bio-
accumulative than their corresponding parent PAHs (Knecht
et al., 2011; Wang et al., 2011), SPAHs have drawn much
attention in recent years. Due to technical analysis limita-
tions, SPAHs in aquatic systems have been relatively less
studied than their parent PAHs. Thus, the freely dissolved
concentrations of SPAHs by passive sampling has seldom
been reported (Hawthorne et al., 2011).

To address this issue, 16 parent PAHs and some typical
SPAHs were synchronously analyzed by gas chromatography–
mass spectrometer (GC–MS) in this study. The kinetic adsorp-
tion processes of these targets were explored and their
LDPE-water partition coefficients (KLDPE) were determined
by laboratory calibration. The sorbent, i.e., LDPE, was also
tested to verify whether it could meet the “zero sink”
assumption in this study, to provide fundamental data
support for subsequent passive sampler design and in situ
application.
1. Materials and methods

1.1. Chemicals, experimental materials, and preparation

Sixteen priority parent PAHs and thirteen typical SPAHs were
selected as target compounds in this study, and their physical
and chemical properties are shown in Appendix A Table S1
and S2. Sixteen parent PAHs, including Naphthalene (Nap),
Acenaphthylene (Acy), Acenaphthene (Ace), Fluorene (Fluo),
Phenanthrene (Phe), Anthracene (Ant), Fluoranthene
(Flua), Pyrene (Pyr), Benzo[a]anthracene (BaA), Chrysene
(Chry), Benzo[b]-fluoranthene (BbF), Benzo[k]fluoranthene
(BkF), Benzo-[a]pyrene (BaP), Indeno[1,2,3-c,d]pyrene (IncdP),
Dibenz[a,h]-anthracene (DBA) and Benzo[g,h,i]perylene
(BghiP), in a 1 mL mixed standard solution (200 mg/L), were
purchased from AccuStandard Inc., New Haven, USA. Thir-
teen individual SPAH reference materials, including (1)
five NPAHs: 2-Nitrofluorene (2-NF, 100 mg in 100%
solid), 9-Nitroanthrancene (9-NA, 100 μg/mL in toluene), 3-
Nitrofluoranthene (3-NF, 100 μg/mL in toluene), 1-Nitropyrene
(1-NP, 10 mg in 99.8% solid), and 7-nitrobenz[a]anthracene
(7-NBA, 100 μg/mL in toluene); (2) four MPAHs:
3,6-Dimethylphenanthrene (3,6-DMP, 10 mg in 100% solid),
2,6-Dimethylphenanthrene (2,6-DMN, 10 mg in 100% solid), 2-
Methylnaphthalene (2-MN, 10 mg in 100% solid), and 1-
Methylfluoranthene (1-MF, 10 μg/mL in acetonitrile); (3) four
OPAHs: 9-Fluorenone (9-FL, 50 mg in 100% solid), Anthraqui-
none (AQ, 10 μg/mL in acetonitrile), 2-Methyl-9,10-
anthranquinone (2-MAQ, 10 mg in 100% solid), and benz[a]
anthracene-7,12-dione (BA-7,12-D, 50 μg/mL in toluene) were
also obtained from AccuStandard Inc., New Haven, USA.

Five deuterated PAHs in toluene (4 mg/mL), i.e.,
naphthalene-d8 (Nap-d8), acenaphthene-d10 (Ace-d10),
phenanthrene-d10 (Phe-d10), chrysene-d12 (Chry-d12) and
perylene-d12 (Pery-d12), were also obtained from
AccuStandard Inc., New Haven, USA, to indicate the recovery
rates for the whole process. Internal standards, i.e., 2-
Fluorobiphenyl (2-FB, 2.0 mg/mL dissolved in dichlorometh-
ane) and 2,2′,3,3′, 4,4′,5,5′,6,6′-Decachlorobiphenyl (PCB209,
100 μg/mL in isooctane) were purchased from Aldrich Chem-
ical Co, Inc., Gillingham, Dorset, UK for quantitative analysis
of the targets. Organic solvents of HPLC grade (4 L), e.g.,
dichloromethane (DCM), n-hexane (HEX), methanol (MeOH)
and acetone (ACE), were purchased from J. T. Baker, USA.
Anhydrous sodium sulfate was baked at 450°C for 4 hr before
use, then cooled down to room temperature and transferred
to a vacuum desiccator. Some tools, e.g., copper wire,
tweezers, scissors and glass rods, were immersed in HEX in
a cleaning process using 20 kHz ultrasound before use.
Laboratory glassware was cleaned with a chromic acid
mixture for 4 hr, then washed with tap water, followed by
washing with purified water three times, and finally oven-
dried at 450°C for 4 hr before use.
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The LDPE film (50 μm thickness) was purchased from TRM
manufacturing, Corona, CA, USA. The commercial sheets
were cut into identical strips, i.e., 1 cm × 2 cm, about 8 mg in
weight. These strips were extracted in sequence with DCM,
MeOH and ultrapure water for 48, 24, and 24 hr respectively.
Then, they were immersed in ultrapure water until use to
avoid contamination in the air (Bao et al., 2012). Prior to use,
these pre-cleaned strips were placed in a high frequency
ultrasound bath (10 min, 40 kHz and a power of 80 W) to
remove bubbles on their surface. Meanwhile, another kind of
LDPE film (50 μm thickness), purchased from Runfang Co. Ltd.,
Zhenjiang, China, was subjected to the same pretreatments
for comparison purposes to determine KLDPE values in this
study (described in Section 2.3).

1.2. Sorption kinetic experiments

The sorption kinetic experiments were carried out by mea-
suring the concentrations of the targets in LDPE and water
phase at different time points. Each glass media bottle (FB800-
1000, Fisher) with 1 L ultrapure water was spiked with the
target compounds at an initial concentration of 0.05 μg/L. This
concentration was comparable to their environmental con-
centrations in rivers or lakes. For example, MPAHs, OPAHs
and PAHs were found to be at levels of 0.02–0.40, 0.06–0.19 and
0.16–1.20 μg/L in water samples from the Haihe River System,
North China (Qiao et al., 2014b), and 16 priority PAHs
concentrations in the surface pore water from the northern
bays of Taihu Lake were in the range of 1.58–3.03 μg/L (Lei
et al., 2016). Sodium azide (NaN3) was added into each bottle
at 200 mg/L to inhibit microbial activity. The mixture was
stirred at 100 r/min for 2 hr to evenly mix the solution. Then,
three duplicate strips of LDPE, penetrated with clean copper
wire to prevent their sticking together, were placed into each
container. All these bottles were covered with their caps,
sealed with Parafilm, and then kept in a shaking incubator at
20 ± 1°C with 100 r/min. The losses of the targets due to
adsorption onto the glass container could be neglected (Bao et
al., 2011; Yang et al., 2007a). The sampling time points were
set at day 3, 8, 15, 25, 40 and 80.

At each time point, the LDPE strips were taken out and
immediately rinsed with ultrapure water. Then, these strips
were successively extracted with 10 mL DCM for 24 hr and
10 mL HEX for 24 hr. When measuring target compounds in
liquid samples, the remaining water was concentrated by
solid phase extraction (SPE) with Sep-Pak C18 cartridges
(6 mL, 500 mg, Supelco). The details of this procedure were
described in detail elsewhere (Qiao et al., 2013). Briefly, the
cartridges were pre-conditioned by 5 mL each of dichloro-
methane, methanol and ultrapure water in sequence. After
loading of the liquid samples, the cartridges were eluted by
10 mL DCM and 5 mL HEX sequentially. The extract was
condensed and solvent-exchanged to HEX, and again concen-
trated to less than 1 mL. Anhydrous sodium sulfate was used
to remove residual water. The extract was finally concen-
trated to 200 μL under a gentle nitrogen stream. The internal
standards were added to each sample before instrumental
analysis.
1.3. Simultaneous detection of the selected substituted and
parent PAHs

Rather than a 5MS column, it has been reported that GC–MS
equipped with a 17MS column performed better at separating
and detecting parent PAHs and SPAHs due to its suitable
polarity (Forsberg et al., 2011; Qiao et al., 2013). Therefore, a
GC–MS (Perkin Elmer Clarus SQ 8) equipped with an Elite-
17MS column was used in this study. This column is a cross
band of 50% phenyl-50% methyl polysiloxane, with dimen-
sions of 30 m × 0.25 mm × 0.25 μm (Cat# N9316538, Serial
1265365).

The GC temperature program from a previous report was
adopted with minor revision (Qiao et al., 2013): held initially at
60°C for 1 min, increased to 110°C at a rate of 20°C/min, and
held for 3 min, and finally raised to 280°C at a rate of 2°C/min
and held for 3 min. The solvent delay time was set at 9 min
and the total time of the program was up to 97 min. The
electron impact energy was set at 70 eV. 1 μL of each sample
was injected in splitless mode. High purity helium was used
as the carrier gas, with a column flow rate of 1.0 mL/min in
constant-flow mode. The temperatures of injector, ion source
and transfer line were 280, 230 and 280°C, respectively. First, a
full scan of the mixed standard of 1000 μg/L was performed to
obtain the total ion chromatogram (TIC) to identify the
retention time, quantitative and qualitative ion of each target
(Appendix A Fig. S1). Then, the chromatogram was divided
into several windows in the selected ion monitoring (SIM)
mode. Data were collected and stored by the centroid method.
The time for each mass scan, the time interval and the scan
speed were 0.35 sec, 0.05 sec and 1343 Da/sec, respectively.

1.4. Quality control and assurance

The instrumental analysis was subjected to strict quality
control procedures. Quantification of samples was performed
using an internal standard method (2-FB and PCB209,
200 μg/L). None of the target compound was detected in the
blanks, including ultrapure water blanks and LDPE blanks. In
addition, samples spiked with known amounts of surrogate
standard mixtures, i.e., Nap-d8, Ace-d10, Phe-d10, Chry-d12
and Pery-d12, were also measured to estimate the repeatabil-
ity and accuracy of the analytical method. The recoveries of
surrogates were 78% ± 15% (Nap-d8), 96% ± 12% (Ace-d10),
89% ± 18% (Phe-d10), 88% ± 15% (Chry-d12), 94% ± 11% (Pery-
d12) (n = 5), respectively. All the concentrations of target
compounds are reported without recovery correction.

1.5. Calculating the partition coefficients between LDPE and
water (KLDPE) for the target compounds

The sorption kinetics of free dissolved HOCs in passive
sampling can be described by the following model (Huckins
et al., 1993):

CLDPE ¼ CW ku=keð Þ 1−exp −ketð Þð Þ ð1Þ
where CLDPE (μg/kg) and CW (μg/L) are concentrations of the
target compounds in LDPE andwater phase during extraction
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time t (day), respectively; ku (L/day) and ke (kg/day) are the
sorption and desorption rates, respectively.

When the passive sampling is conducted for sufficient
time (i.e., t tends to infinity), a dynamic equilibrium can be
established between environmental matrix and sorption
phase for the target compounds (Vrana et al., 2005). Then,
Eq. (1) can be simplified to Eq. (2):

CLDPE ¼ CW ku=keð Þ ¼ CWKLDPE when t ¼ ∞ð Þ ð2Þ

Here, KLDPE (L/kg) is defined as the partition coefficient for
HOCs between LDPE and water. This equation indicates that
the ratio of CLDPE/CW is equal to KLDPE when the sampling time
t is long enough (t = ∞).

According to Fick's first law, the sorption kinetics were
regressed with an exponential function (i.e., BoxLucas1) (Bao
et al., 2011):

y ¼ a 1−e−bt
� �

ð3Þ

where y (L/kg) can be regarded as the effective concentration
of target compounds in the sorption phase, a (L/kg) and b
(day−1) are both fitting coefficients. Based on Eq. (2), y can be
replaced by CLDPE/CW in this study. Meanwhile, when t tends
to approach infinity in Eq. (3), y (CLDPE/CW) can be identified as
KLDPE. In other words, we can directly obtain KLDPE value from
the fitting coefficient a.

Moreover, the fitting error of KLDPE can be represented as
Eq. (4) (Bao et al., 2011):

Δ logKLDPE ¼ Δa
a ln10

ð4Þ

Actually, the time of sorption cannot not be infinity in
laboratory experiments nor in field application; then, the
theoretical equilibrium time (te, day) can be defined as the
time when the differences between KLDPE and CLDPE/CW are
less than 5%:

te ¼ ln20
b

ð5Þ

2. Results and discussion

2.1. Simultaneous determination of PAHs and SPAHs by
GC–MS

A satisfactory separation of 16 PAHs and 13 PAHs could be
achieved in TIC (Appendix A Fig. S1) and in the SIM mode
(Appendix A Fig. S2), respectively. The retention time,
qualitative & quantitative ions for each target in the SIM
mode are shown in Table 1. In full-scan mode, the peaks of
NaP and NaP-d8 in TIC could not be separated completely;
while in the SIMmode, these two compounds were effectively
identified through different ion channels. In addition, 2-NF
and 9-NA could be also acquired with sufficient sensitivity by
the SIM mode (Appendix A Fig. S2).

Therefore, a quantitative method was established for
simultaneously determining the target PAHs and SPAHs. The
mixed standard solution of each target compound was set at
seven concentration points (i.e., 10, 20, 50, 100, 200, 500,
1000 μg/L). The same amounts of internal standards (200 μg/L
for both 2-FB and PCB209) were added in different gradient
standard solutions. The limits of detection were calculated
based on the standard deviation of seven matrix samples
spiked with target compounds at concentrations of three
times the signal-to-noise ratio. The limits of detection for the
selected target compounds were between 0.22 (1-MF) and 8.82
(Phe) ng/L. The R2 linearity factor for the standard curves
ranged from 0.996 to 0.999 (Table 1), showing that these
targets were well detected.

2.2. Sorption kinetics of the targets on LDPE film

The sorption kinetics of HOCs on LDPE film involves a
dynamic re-partitioning process of the target compounds
between LDPE and water. According to the “like-dissolves-
like” rule, long chains in LDPE would combine with the
functional groups of the target compounds by van der Waals
forces and hydrogen bonds (Endo et al., 2011). Thus, the target
compounds in the aqueous phase can be constantly sorbed by
LDPE until it reaches dynamic equilibrium, i.e., when the
concentration ratio of the target compounds between the two
phases no longer changes with time (Branislav and Gerrit,
2002; Mayer et al., 2003).

The sorption kinetics for the target PAHs and SPAHs are
shown in Fig. 1. It can be seen that most targets showed
a similar trend of sorption kinetics on LDPE: the ratio of
CLDPE/CW increased linearly during the beginning time period;
then, it rose gradually until reaching equilibrium between
LDPE and water upon 80 d of extraction (Fig. 1). The
enrichment capacities (indicated by the ratio of CLDPE/CW in
equilibrium) for high-ring PAHs (i.e., higher Kow values) were
much larger than those for low-ring PAHs. For example, the
ratio CLDPE/CW of IncdP (5 rings) in equilibrium was one order
of magnitude greater than the value of Flua (3 rings) (Fig. 1a,
and b). Due to their relatively small molecular weights, low-
ring PAHs or SPAHs could easily enter or come out of the
micro pores of LDPE film, and possibly need a longer time to
reach equilibrium. In contrast, once high-ring targets were
captured by the adsorbed phase, they could not be easily
desorbed (Endo et al., 2019). This result was also consistent
with the conclusion by Huckins et al. (1999), namely, the
sorption phase of passive sampling showed a larger enrich-
ment capacity for HOCs with higher Kow values.

Notably, the data points of two SPAHs, i.e.,7-NBA and BA-
7,12-D, showed great deviations from the sorption kinetics
(Appendix A Fig. S2). They could not effectively fit within the
exponential function (Eq. (3)), which may lead to large uncer-
tainties in the fitted parameters. According to the previous
report, these uncertainties might be induced by photochemical
transformation during the pretreatment or analysis procedure
(Qiao et al., 2013). Therefore, relevant indexes of these two
compounds are not reported in this study.

2.3. The partition coefficient (KLDPE) between LDPE and water
for PAHs and SPAHs

All kinetic points for these targets (except for 7-NBA and BA-
7,12-D) were treated equally in the determination of KLDPE.
Fitted parameters were obtained from a regression of the



Table 1 – The retention time, qualitative & quantitative ions, R2 of linearity, and limit of detection for the target compounds.

No. Target a Typesb Channel Retention
(min)

Quantitative ⁎ &
Qualitative ion

R2 Limit of
detection
(ng/L)

1 NaP-d8 SS – 9.676 136 ⁎,108,137 – –
2 NaP PAH 2 9.766 128 ⁎,102 0.9985 3.23
3 2-MN SPAH 2 12.756 142 ⁎,141,115 0.9991 6.48
4 2-FB IS – 15.377 172 ⁎,171,170 – –
5 2,6-DMN SPAH 2 16.115 156 ⁎,141,155 0.9988 1.55
6 Acy PAH 2 19.545 152 ⁎,76,126 0.9990 1.59
7 Ace-d10 SS – 20.270 162 ⁎,164,160 – –
8 Ace PAH 2 20.533 154 ⁎,152,76 0.9985 2.25
9 Fluo PAH 2 24.160 166 ⁎,165,167 0.9987 3.88
10 9-FL SPAH 2 31.494 180 ⁎,152,126 0.9982 1.89
11 Phe-d10 SS – 31.992 188 ⁎,94,80 – –
12 Phe PAH 3 32.183 178 ⁎,89,152 0.9978 8.82
13 Ant PAH 3 32.443 178 ⁎,89,152 0.9966 1.23
14 3,6-DMP SPAH 3 38.544 206 ⁎,191,178 0.9974 0.55
15 AQ SPAH 3 40.471 208 ⁎,180,152 0.9990 2.43
16 Flua PAH 3 41.822 202 ⁎,200,101 0.9993 0.41
17 Pyr PAH 4 43.930 202 ⁎,200,101 0.9989 0.96
18 2-MAQ SPAH 3 44.229 222 ⁎,165,194 0.9986 0.83
19 2-NF SPAH 2 44.353 165 ⁎,211,164 0.9818 1.92
20 9-NA SPAH 3 45.429 176 ⁎,223,165 0.9915 3.21
21 1-MF SPAH 3 46.154 216 ⁎,200,189 0.9923 0.22
22 BaA PAH 4 53.651 228 ⁎,113,200 0.9981 2.21
23 Chry-d12 SS – 54.001 240 ⁎,236,241 – –
24 Chry PAH 4 54.226 228 ⁎,226,113 0.9985 2.23
25 3-NF SPAH 3 57.346 217 ⁎,200,247 0.9914 1.83
26 BA-7,12-D SPAH 4 58.522 258 ⁎,230,200 0.9985 0.94
27 1-NP SPAH 4 59.235 201 ⁎,200,247 0.9880 1.59
28 PCB209 IS – 60.918 498 ⁎,214,430 – –
29 BbF PAH 4 62.102 252 ⁎,253,250 0.9986 1.82
30 BkF PAH 4 62.289 252 ⁎,253,250 0.9982 1.21
31 7-NBA SPAH 4 63.755 215 ⁎,226,273 0.9983 1.44
32 BaP PAH 5 65.473 252 ⁎,253,250 0.9960 0.35
33 Pery-d12 SS – 66.458 264 ⁎,265,260 – –
34 IncdP PAH 5 79.281 276 ⁎,138,277 0.9973 0.54
35 DBA PAH 5 79.719 278 ⁎,279,139 0.9975 0.35
36 BghiP PAH 6 84.808 276 ⁎,137,138 0.9978 0.69

a The full names of these compounds are shown in Appendix A Table S1 and S2.
b SS indicates that the compound was used as a surrogate standard. NPAH, MPAH and OPAH indicate nitro-PAHs, methyl-PAHs, and oxy-PAHs.
IS shows that the compound acted as an internal standard.
⁎ Indicates the quantitative ion for the selected target.

353J O U R N A L O F E N V I R O N M E N T A L S C I E N C E S 8 7 ( 2 0 2 0 ) 3 4 9 – 3 6 0
measured data with Fick's first law of diffusion (i.e., Eq. (3)),
and the details are shown in Table 2. The range was 0.90–0.99
for the least-square regression coefficients (R2) and the p
values for the fitting function were less than 0.05, respec-
tively, indicating the good quality of the kinetic data fivalue.

The te of PAHs estimated with Eq. (5) ranged from 19 to
38 days (Table 2), which was consistent with the values in
previous reports (Bao et al., 2012; Hawthorne et al., 2011). The
te values of SPAHs were similar to those of PAHs. The te values
exhibited a decreasing trend with increasing numbers of rings
in PAHs or SPAHs (SI Fig. S4A). For example, the te value of NaP
(2 ring) was 38.3 days, which was over two times longer than
the te value of DBA (5 ring, te = 19.5 days). Notably, we can
even conclude the presence of linear relationships between
the average te values of PAHs or SPAHs and ring numbers
(R2 = 0.9529, p = .0158, Appendix A Fig. S4B). Some other
reports also have found that passive sampling sorbents can
easily concentrate nonpolar compounds within lipid-rich
matrices (Bao et al., 2011; Durig et al., 2016), so the process of
approaching equilibrium was more rapid for high-ring PAHs
or SPAHs.

The sorption equilibrium time for different HOCs in
passive sampling showed great variations, e.g., several hours
to several months (Appendix A Table S3). Generally, the
sorption process of HOCs on the sorbent in passive sampling
may include three mass transfer steps: (1) external mass
transfer, i.e., the diffusion of HOCs in the water films around
the sorbent; (2) internal mass transfer, i.e., the diffusion of
HOCs from the sorbent's surface to its interspace; and (3)
adsorption of HOCs on active sties (Guo et al., 2019). Different
equilibrium times of HOCs on the sorbent are significantly
influenced by these three mass transfer limiting steps, which
may be related to the characteristics of sorbent, properties of
target compounds, and environmental factors. For example,
polyethylene was proved to have a spongy and porous
internal structure, which enabled the entrance and transport



Fig. 1 – Sorption kinetics of the target PAHs (a and b) and
SPAHs (c) on low density polyethylene (LDPE) expressed as
CLDPE/CW versus time (days), where CLDPE and CW are the
concentrations of the targets in LDPE film and water,
respectively.
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of organic chemicals (Wang and Wang, 2018). It was
found that the moderately hydrophobic chemicals (e.g.,
3 < logKOW < 5) had relatively higher uptake rates (ku) than
hydrophilic chemicals (logKOW < 3), while the release rate (ke)
decreased with increasing logKOW, which indicated that the
hydrophilic chemicals have higher elimination rates (Gao et
al., 2019). Additionally, some environmental factors, such as
temperature, pH, salinity and dissolved organic matter, could
also affect the sorption behaviors of HOCs (Lei et al., 2018b; Lin
et al., 2018b; Guo et al., 2019). Therefore, both laboratory tests
and field deployment need to be carefully considered to give
practicable results for monitoring HOCs by passive sampling.

The enrichment of a PAH in the sorption phase in passive
sampling is associated with its KOW; namely, the compounds
with higher KOW values often possess a greater enrichment
capacity in equilibrium (Huckins et al., 2002), e.g., see Fig. 1a
and b in this study. The KLDPE values for PAHs or SPAHs also
increased as their Kow values increased (Table 2). In addition,
except for two high-ring PAHs (i.e., DBA and BghiP), the KLDPE

values of the target PAHs in this study were in good
agreement with the measured values that had been previ-
ously reported with similar treatment (Bao et al., 2012). The
relative standard deviation between the two studies was less
than 10% (Table 2), further verifying the reliability of the
results in this study. The reported KLDPE values of DBA and
BghiP were 20% higher than their experimental values. This
may be due to the different extraction methods for PAHs in
the two studies, i.e., solid phase extraction in this study and
liquid–liquid extraction used in Bao's study (Bao et al., 2012),
respectively. However, regarding KLDPE values of SPAHs, they
have not been reported as far as we know. These might need
further verification to obtain a better understanding of the
bioavailability and toxicity of SPAHs in aquatic ecosystems.

A comparison of experimental log KLDPE (i.e., the fitted log
KLDPE) and theoretical log KLDPE (i.e., log KLDPE = 0.972 × log
KOW − 0.13, (Booij et al., 2003)), indicated a certain correlation
trend for high-ring PAHs and significant differences for low-
ring PAHs or SPAHs, respectively (Table 2). There are several
possible reasons for this result: The theoretical log KLDPE

values were calculated only from the KOW values of the
targets. This assumes that the enrichment capacity of LDPE
for HOCs depends only on their KOW values, but is indepen-
dent of the molecular size or polarity of the targets. This is an
ideal situation, which may differ from the actual measure-
ment practice (Liu et al., 2018). For example, highly hydro-
phobic compounds have been demonstrated to be more
difficult to desorb from the sorption phase in passive
sampling (Huckins et al., 1993; Litten et al., 1993). In addition,
the theoretical log KLDPE values calculated by the formula were
based on a statistical analysis that did not contain all 16
priority PAHs (Booij et al., 2003). Some inappropriate data were
also deleted and the formula was optimized, which may lead
to deviations between the theoretical values and the experi-
mental values of log KLDPE. For example, the fitting formula
omits the samples with a higher relative standard deviation
(more than 40%). Specific PAHs, whose molecular weights
were less than Phe and greater than Chry, were also not
excluded in the fitting formula (Lohmann, 2011).

Meanwhile, the theoretical log KLDPE shown in Table 2, (i.e.,
log KLDPE = 0.972 × log KOW − 0.13), presented a linear rela-
tionship between log KLDPE and log KOW values (Booij et al.,
2003). In this study, significant linear relationships were also
observed for both PAHs (log KLDPE = 0.705 × log KOW + 1.534,
R2 = 0.7113, p < 0.001) and SPAHs (log KLDPE = 0.458 × log
KOW + 3.092, R2 = 0.5609, p = 0.0077) (Fig. 2). In previous
studies, this kind of linear relationship has been applied to
calculate KLDPE values of some targets in practical application
to reduce some of the work in passive sampling (Booij et al.,
2003; Lohmann, 2011). However, when we combine the log
KLDPE values of PAHs and SPAHs together, it is difficult to fit
these data by just a single linear formula.

In other studies, curvilinear relationships between mea-
sured log KLDPE and log KOW were observed for polybrominated
diphenyl ethers (PBDEs) or polychlorinated biphenyls (PCBs)
with similar treatments (Bao et al., 2011; Yang et al., 2006). The
turning points of the log sorption-water partition coefficient
(e.g., log KLDPE) and log KOW for those compounds were at
log KOW equal to 7–8. This kind of curvilinear relationship
is similar to the correlations between log-based bio-
concentration factors and log KOW values for some HOCs
observed in laboratory or field studies (Bao et al., 2011; Gerofke
et al., 2005; Liu et al., 2017). This curvilinearity was thought to
relate to the difference in the Gibbs free energies for cavity
formation in the sorption phase (e.g., LDPE) and octanol,
which might be more significant for larger molecules (e.g.,
Kow > 7) (Yang et al., 2007b). Additionally, the target



Table 2 – Experimental and theoretical values of LDPE-water partition coefficient (KLDPE) for the target PAHs and SPAHs,
respectively.

Targets
α

Types y = a (1-e-bx) β Equilibrium time
te (day)

Experimental log
KLDPE

γ
Theoretical log

KLDPE
σ

Reported log
KLDPE

ρ

a Error
of a

b Error
of b

R2

NaP PAH 93,670 7594 0.0783 0.0147 0.9562 38.3 4.97 ± 0.035 3.15 NA Ψ

2-MN SPAH 76,455 5173 0.0887 0.0132 0.9686 33.8 4.88 ± 0.029 3.16 NA
2,6-DMN SPAH 74,276 2978 0.0927 0.0118 0.9793 32.3 4.87 ± 0.017 3.26 NA
Acy PAH 53,794 2853 0.0856 0.0847 0.9849 35.0 4.73 ± 0.023 3.79 NA
Ace PAH 37,728 2637 0.0841 0.0150 0.9471 35.6 4.58 ± 0.030 3.68 4.25 ± 0.12
Fluo PAH 35,976 1815 0.0830 0.0093 0.9798 36.1 4.56 ± 0.022 3.93 4.51 ± 0.12
9-FL SPAH 49,473 1347 0.0990 0.0071 0.9918 30.2 4.69 ± 0.012 3.58 NA
Phe PAH 27,935 849 0.1250 0.0126 0.9779 24.0 4.45 ± 0.013 4.31 4.78 ± 0.12
Ant PAH 57,985 1288 0.1036 0.0828 0.9846 28.9 4.76 ± 0.010 4.28 NA
3,6-DMP SPAH 179,413 5253 0.1243 0.0099 0.9873 24.1 5.25 ± 0.013 3.74 NA
AQ SPAH 67,633 2277 0.0931 0.0062 0.9921 32.2 4.83 ± 0.015 3.66 NA
Flua PAH 77,128 1858 0.1164 0.0078 0.9927 25.7 4.89 ± 0.010 4.90 4.93 ± 0.14
Pyr PAH 125,340 3348 0.1298 0.0113 0.9872 23.1 5.10 ± 0.012 4.94 5.07 ± 0.14
2-MAQ SPAH 111,995 2487 0.1469 0.0104 0.9886 20.4 5.05 ± 0.010 3.99 NA
2-NF SPAH 214,237 8022 0.0984 0.00948 0.9831 30.4 5.33 ± 0.016 4.49 NA
9-NA SPAH 211,508 7126 0.1136 0.0085 0.9919 26.4 5.34 ± 0.015 4.20 NA
BaA PAH 466,803 18,702 0.1331 0.0129 0.9533 22.5 5.67 ± 0.017 5.61 5.79 ± 0.15
Chry PAH 484,163 25,267 0.1329 0.0251 0.9140 22.5 5.69 ± 0.023 5.61 5.70 ± 0.16
3-NF SPAH 178,832 8836 0.1472 0.0163 0.9639 20.4 5.25 ± 0.021 5.26 NA
1-NP SPAH 219,731 6047 0.0966 0.0069 0.9927 31.0 5.34 ± 0.012 4.49 NA
BbF PAH 1,009,700 34,924 0.1465 0.0119 0.9743 20.4 6.00 ± 0.015 5.51 6.33 ± 0.13
BkF PAH 1,121,780 43,293 0.1302 0.0143 0.9551 23.0 6.05 ± 0.017 5.70 6.56 ± 0.13
BaP PAH 1,058,410 51,421 0.1469 0.0195 0.9596 20.4 6.02 ± 0.021 5.61 NA
IncdP PAH 1,771,800 51,018 0.1482 0.0061 0.9949 20.2 6.25 ± 0.013 6.43 NA
DBA PAH 1,460,420 172,248 0.1538 0.0256 0.9058 19.5 6.16 ± 0.051 6.19 7.20 ± 0.07
BghiP PAH 1,474,350 67,907 0.1558 0.0143 0.9721 19.2 6.17 ± 0.020 6.21 7.36 ± 0.04

α The data points of 7-NBA and BA-7,12-D could not fit effectively within the exponential function (i.e., Eq. (3)) and may lead to large
uncertainties for the fiand equilibrium parameters (SI Fig. S3). Thus, their relevant indexes are not reported in this study. Meanwhile, the value
of 1-MF was also not obtained in this study due to some technical problems.
β In this equation, i.e., y = a (1 − e-bt), y can be regarded as the effective concentration of target compounds in the sorption phase, a and b are
both fitting coefficients. When t tends to approach infinity in Eq. (3), y (CLDPE/CW) can be identified as KLDPE. Therefore, KLDPE values could be
directly obtained from the fitting coefficient a. The sorption kinetics were regressed with an exponential function in OriginPro 8.5 (Fitting/
Exponent Fit/ BoxLucas1).
γ Fitted parameters were obtained from a regression of measured data with Fick's first law of diffusion, i.e., y = a (1 − e-bt) (Eq. (3)).
σ The theoretical formula, log KLDPE = 0.972 × log KOW − 0.13, was adopted from (Booij et al., 2003). KOW indicates the octanol–water partition
coefficient, which were obtained from (Mackay et al., 1992; Qiao et al., 2014a).
ρ The reported values of log KLDPE for PAHs were adopted from a previous publication with a similar method (Bao et al., 2012).
Ψ NA, not available.
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compounds might not reach equilibrium with enough time
under the interference of a third phase (e.g., LDPE) (Jonker and
van der Heijden, 2007). They also concluded that the lack of
hydrophobicity cutoff was only applicable to compounds with
log KOW up to 7.5. In this study, log KOW values of PAHs and
SPAHs were all less than 7, so no turning point or curvilinear
relationship was observed (Fig. 2).

When conducting passive sampling in field applications,
Cw is obtained from measured CLDPE coupled with laboratory-
calibrated log KLDPE based on Eq. (2) as mentioned above.
Actually, there is considerable doubt about whether CLDPE/Cw

can be regarded as KLDPE since this value is usually calibrated
within a fisinc time (Bao et al., 2011). In this study, the
sorption kinetics showed that the extraction time of 38 days
was sufficient enough to obtain the correlation between
logKLDPE and logKOW (Fig. 1 and Table 2). Generally, it is
suggested to maintain measurement for a longer time than
the equilibrium time during passive sampling in field
applications, e.g., a measurement time of more than 38 days
for PAHs or SPAHs, can guarantee the accuracy of the
experimental results. In order to precisely determine the
concentration of target compounds by LDPE, it has been
recommended to acquire the KLDPE values as close to the
actual field conditions (e.g., pH, temperature, salinity and
DOM) as possible (Lei et al., 2018b; Liu et al., 2018; Liu et al.,
2013).

Furthermore, LDPE with the same thickness (i.e., 50 μm),
purchased from Runfang Co. Ltd., Zhenjiang, China, was
subjected to the same pretreatments to determine KLDPE for
comparison purposes. According to the Eq. (2), i.e., CLDPE = CW

(ku/ke) = CW KLDPE (when t = ∞), the result indicates that the
ratio of CLDPE/CW is equal to KLDPE when the sampling time t is
long enough (t = ∞). In this study, however, 38 days was
proven to be sufficient for PAHs or SPAHs to reach equilibrium
for LDPE purchased from TRM manufacturing, so we consid-
ered that 60 days was sufficient for the LDPE purchased from



Fig. 2 – The relationships of log KLDPE and log KOW for the
PAHs (a) and SPAHs (b).
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Runfang Co. Ltd. For simplicity, these KLDPE values were
calculated by using log (CLDPE/Cw) at 60 days. The results
showed that log KLDPE values of most PAHs and SPAHs
determined by the LDPE from TRM were significantly higher
than those of LDPE from Runfang (p < 0.05) (Fig. 3). Taking NaP
as an example, the KLDPE values for the two materials were
3.39 (Runfang) and 4.97 (TRM), respectively, which indicated
that the LDPE produced by TRM had higher enrichment
Fig. 3 –Values of the LDPE-water partition coefficient (KLDPE) for ta
two companies, Runfang Co. Ltd., Zhenjiang, China and TRM ma
indicates a significant difference between log KLDPE values from
p > 0.05).
capacity for NaP. Therefore, a lower mass of LDPE would be
needed when designing a passive sampler. This also allowed
our passive sampler to be smaller in field applications, with
higher resolution and detection limits for the targets. Addi-
tionally, there was no significant difference for the log KLDPE of
2-MAQ, BaA, 3-NP and 1-NP between materials from the two
companies. The properties of LDPE from the two companies
such as aperture, composition, and degree of crystallinitymay
contribute to the differences (Guo et al., 2019), and the
material properties should be further explored in future
studies.

2.4. The verification of the “zero sink” assumption for the
target PAHs and SPAHs in LDPE

To achieve a successful time-weighted average (TWA) con-
centration in passive sampling, “zero sink” is one of the most
important prerequisites that must be satisfied (Chen and
Pawliszyn, 2003; Liu et al., 2013). This theory considers that
the targets diffusing to the surface of the sorbent phase (e.g.,
LDPE) are immediately dragged into its interior so that their
concentration at the surface can be regarded as zero (Liu et al.,
2013; Ouyang et al., 2005). This ensures that the rate of mass
loading of additional target is not affected when it is sorbed by
the sorbent phase (Chen and Pawliszyn, 2003).

In the present study, the zero-sink effect for LDPE was
tested by an empirical approach based on intermittent and
continuous exposure to a solution spiked with the target
compounds. The procedure of this experiment was similar to
that in a previous report (Liu et al., 2013). In brief, 1 L ultrapure
water, spiked with target compounds at an initial concentra-
tion of 0.02 and 0.05 μg/L, respectively, was added into glass
media bottles. Sodium azide (NaN3) was also added into each
bottle at 200 mg/L to inhibit microbial activity. The mixture
was stirred at 100 r/min for 2 hr to evenly mix the solution.
Six identical LDPE strips were exposed to the preset solution
for 6 days under static conditions. Three LDPE strips were
taken out, rinsed, and extracted with solvent as mentioned
rget PAHs and SPAHs. LDPEmembraneswere purchased from
nufacturing, Corona, USA. The asterisk above the bars
the two companies (one-way ANOVA, *, p < 0.05; without *,



Fig. 4 – Verification of “zero sink” for target PAHs and SPAHs in LDPE. Relative abundances of the target masses in LDPE strips
were obtained through sorption and desorption stages. The initial concentration of each target compoundwas set as 0.02 μg/L
(a) and 0.05 μg/L (b), respectively.

357J O U R N A L O F E N V I R O N M E N T A L S C I E N C E S 8 7 ( 2 0 2 0 ) 3 4 9 – 3 6 0
above, to determine the initial amounts of targets loaded in
the sorption stage. Subsequently, the other remaining LDPE
strips were taken out, rinsed, and immersed in purified water
again without spiking with target compounds, to conduct the
desorption stage for 6 days as well.

When the target masses in LDPE from the sorption and
desorption stages were approximately equal to each other
(i.e., relative abundances equal to 100%), the “zero sink”
hypothesis would be perfectly verified (Liu et al., 2013). The
relative abundances acquired in this study ranged from
93.3% ± 4.93% to 102% ± 4.35% and 91.3% ± 15.3% to 112% ±
12.1% at an initial concentration of 0.02 and 0.05 μg/L,
respectively (Fig. 4), showing that negligible losses of each
target compound occurred from the loaded LDPE during the
desorption exposure. These results indicated that the con-
centration of targets at the interface between LDPE and water
could be regarded as zero. In other words, LDPE has been
verified to act as a “zero sink” for the target PAHs and SPAHs
in passive sampling.
3. Conclusions

Low-density polyethylene (LDPE) has been widely used for
passive sampling of HOCs in aquatic environments. For
determination of freely dissolved concentrations of HOCs,
measurement of the LDPE-water partition coefficients (KLDPE)
in the laboratory is a critical step before field application. In
this study, 16 priority PAHs and some typical SPAHs were
simultaneously determined by GC–MS to explore their ad-
sorption kinetics on LDPE film. The results showed that the
equilibrium times for the target PAHs and SPAHs ranged from
19 to 38 days. The experimental KLDPE values of 16 priority
PAHs were in good agreement with previously reported
values, and the KLDPE values of the target SPAHs were reported
for the first time in this study. Significant linear relationships
were observed for both PAHs and SPAHs. Most of the
determined log KLDPE were higher than the corresponding
theoretical values calculated by the empirical formula, which
was based on their KOW values. Moreover, the selected LDPE
film was also proven to meet the condition of “zero sink” for
the target compounds. These results provide strong support
for the design and field application of passive samplers, which
could be a powerful tool for assessment of ecological risk,
bioavailability and in situ remediation efficiency.
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