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tion rates. Although nitrate removal rates increased in the marine aquaculture area, ammonification rates and the nitrogen retention index in the aquaculture areas were 2.19 and
1.24 times, respectively, higher than those at non-aquaculture sites. Net reactive nitrogen
retention exceeded nitrogen removal in the aquaculture area, and the retained reactive nitrogen could diffuse with the tidal current to the entire bay, thereby aggravating N pollution
in the entire study area. These results show that marine aquaculture is the dominant source
of nitrogen pollution in semi-enclosed bays. This study can provide insights into nitrogen
pollution control in semi-enclosed bays with well-developed marine aquaculture.
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Introduction
As a key transition zone, semi-enclosed bays play an important role in marine ecosystem protection (Ye et al., 2014). Due
to intense agriculture, fossil combustion in catchment areas,
and marine system aquaculture, semi-enclosed bays are experiencing serious nitrogen (N) pollution (Korol et al., 2019;
Marina et al., 2019; Ye et al., 2014). An excess supply of reactive
N, which is an important form of nitrogen that can be directly
used by natural organisms, in semi-enclosed bays can damage
coastal ecosystems (Diaz and Rosenberg, 2008; Hou et al., 2012)
via coastal eutrophication, hypoxia, and harmful algal blooms
(Deegan et al., 2012; Galloway et al., 2008; Yin et al., 2014).
Therefore, reactive nitrogen reduction in semi-enclosed bays
and its environmental implications is attracting increasing attention (Hou et al., 2012; Korol et al., 2019; Rich et al., 2008).
Dissimilatory nitrate reduction processes (DNRPs), including
denitrification (DNF), anaerobic ammonium oxidation (ANA),
and dissimilatory nitrate reduction to ammonium (DNRA), exert diverse effects on the dynamics of nitrate in marine sediments (Burgin et al., 2007; Shan et al., 2016). Understanding the
fate and transformation of nitrate is important for N loss and
marine ecosystem protection (Song et al., 2013; Wang et al.,
2019; Wei et al., 2020).
In marine aquaculture systems, sediment N cycling can
be significantly changed by aquaculture bioturbation, biodeposition, excretion, and respiration (Laverock et al., 2011;
Murphy et al., 2018). Long-term marine aquaculture significantly increased reactive N loading in the ambient environment (Chopin et al., 2001). In marine aquaculture areas,
approximately 30% of the total nitrogen comes from feces
and deposited feeding stuff on the seafloor (Funge-Smith and
Briggs, 1998). Bioturbation can affect N cycling depending
on the interaction of multiple factors, such as bioturbation
type (burrowing modes and mucus secretion) (Michaud et al.,
2005; Pelegri and Blackburn, 1995), organic matter reactivity (Kristensen, 2001), and interactions between micro- and
meio-fauna (Fanjul et al., 2011). Meanwhile, several studies have shown that bioturbation activity increases DNF by
up to 400% (Howe et al., 2004; Webb and Eyre, 2004). Further, bio-deposition in marine aquaculture increases sediment organic matter concentrations, which can stimulate microbial respiration and promote sediment anoxia, thus influencing N removal (Hoellein et al., 2015). At marine aquaculture sites, the metabolic end products of feeding stuff as well
as the microbial decomposition of organic matter, lead to increased concentrations of free ammonia and nitrite (JiménezMontealegre et al., 2002). Inorganic nitrogen released from
the sediment to the surface water could pose a threat to the
aquatic environment (Ray et al., 2015; Sacristan de Alva et al.,
2018; Xiao et al., 2017), and seriously affect the health of many
aquatic species (Zhu et al., 2020). Overall, marine aquaculture
systems can change the fate of N and cause serious N pollution. Although the N removal processes in aquaculture systems have been investigated in previous studies (Gao et al.,
2019; Van Duc et al., 2018), the effects of aquaculture on the
fate of N in sediment and DNRPs in semi-enclosed bays remain unclear. In semi-enclosed bays, as a result of the long
water exchange period, reactive N can easily accumulate and
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lead to coastal eutrophication (Lin et al., 2017). Therefore, determining the influence of aquaculture on sediment DNRPs in
a semi-enclosed bay is crucial for ocean protection.
Sansha Bay, which is a typical semi-enclosed bay with only
a 2.6 km channel connecting to the East China Sea, has a long
history of aquaculture (Zhang et al., 2013). Abundant reactive N derived from marine aquaculture may retain and diffuse with tidal currents throughout the bay. Therefore, understanding DNRPs and predicting the fate of N in Sansha Bay
is necessary for mitigating N pollution in the study area and
other semi-enclosed bays with well-developed marine aquaculture. Here are the objectives of this study: (1) to investigate
the effects of marine aquaculture on sediment DNRPs in a typical semi-enclosed bay; (2) to elucidate the critical factors influencing DNRPs changes at aquaculture and non-aquaculture
sites; and (3) to assess the potential effects of marine aquaculture on N pollution.

1.

Materials and methods

1.1.

Study area and sampling

Sansha Bay is a typical semi-enclosed bay in southeastern China (along the northeast coast of the Fujian Province)
(Fig. 1). Its seawater area covers approximately 675 km2 , and
the Dongchong Channel is the only outlet connecting it to
the East China Sea. Sansha Bay is one of the most important
aquaculture bases in southeastern China, and is a key natural
spawning ground for some fish species (Hu et al., 2015; Liu and
de Mitcheson, 2008; Wu et al., 2015b). Because of anthropogenic activities, including intensive fish cage culture, floating macroalgal farms, and coastal infrastructure construction,
severe habitat degradation has occurred, putting the environmental and ecological health under significant pressure
(Lin et al., 2019; Sun et al., 2015).
In this study, 30 representative surface sediment (0–5 cm)
samples and 4 core sediment (0–100 cm depth) samples were
collected in summer (July 2018) and winter (March 2019) over
aquaculture and non-aquaculture areas in Sansha Bay (Fig. 1).
Specifically, 14 surface and 3 core samples were obtained
from the aquaculture area, and 16 surface samples and 1 core
sample were from non-aquaculture sites. Surface sediment
samples were collected using a Van Veen grab sampler, and
core sediment samples were collected using a coring device
equipped with a core cylinder, a PVC pipe handle, and a oneway valve. Both surface and core samples were collected in
triplicate. Core samples were sectioned at 10 cm intervals, and
three subsamples of the surface samples from the same sites
were combined immediately into one sample. Sediment samples were placed in polyethylene zipper bags and preserved
at 4 °C, and then transferred to the laboratory within five
days. The longitude and latitude of each sampling site were
recorded using a GPS. After transport to the laboratory, a portion of the samples were frozen at −80 °C for sediment physicochemical and molecular analysis, while the remaining samples were stored in the dark at 4 °C to measure the DNRPs
rates.
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Fig. 1 – Location of the study area and sampling sites.

1.2.

Physicochemical analysis

Sediment pH and salinity were measured using pH meter
and YSI-30 portable salinity meter after adjusting the ratio of sediment and deionized water to 1:2.5 (Zheng et al.,
2014). The total organic carbon (TOC) content was determined using the dichromate oxidation method (Nelson and
Sommers, 1982). The concentration of porewater sulphides
was measured using methylene blue spectrophotometric determination (Hou et al., 2012). In brief, the sediment was
acidized with hydrochloric acid to transform the sulphides
into H2 S, and then nitrogen gas was used to transfer the H2 S
into a zinc acetate-sodium acetate solution. N,N-dimethyl-pphenylenediamine and FeSO4 were then added to produce
methylene blue, which can be quantified using the spectrophotometric method. Amorphous Fe oxides were extracted
using 1 mol/L of HCl, and Fe2+ and Fe3+ were subsequently
measured using a photometric analysis of the Ferrozine assay (Yin et al., 2016). Nitrate, ammonium, and nitrite were extracted using 2 mol/L of KCl solution (Hou et al., 2013), and
their concentrations were determined using a continuousflow analyzer (Yin et al., 2016). All the physicochemical parameters were determined in triplicate, and the data were normalized to the dry weight of the sediment.

1.3.

Measurements of DNRP rates

The potential DNF and ANA rates were measured using slurry
incubations combined with the 15 N isotope-tracing method
(Chen et al., 2016). Samples were mixed with water at a ratio
of 1:7, purged with helium, and stirred vigorously for 30 min to
remove N2 from the slurries and achieve anaerobic conditions.
After pre-incubation for 48 hr in 12-mL gastight borosilicate
vials under in situ temperatures (32 °C for summer and 11 °C
for winter) in dark conditions, 100 μL of 15 NO3 − (99% 15 N) was
added to the slurry vials. Half of the samples were stopped
with ZnCl2 solution immediately to suppress microbial activity, and the other half were stopped after incubation for 8 hr.
The potential DNF and ANA rates were calculated based on the
29 N and 30 N variation between the final and initial samples.
2
2

The DNF calculations and ANA rates are detailed in Appendix
A (Supplementary methods 1.1).
The DNRA rates were measured using a combination of the
15 NH + oxidation technique and membrane inlet mass spec4
trometry (MIMS) analysis (OX/MIMS method) (Yin et al., 2014).
The pre-incubation, 15 N isotope addition, and incubation of
DNRA were similar to those of the DNF and ANA. After being stopped by ZnCl2 , 200 μL of hypobromite iodine solution
was injected into the slurry vials to oxidize 15 NH4 + (produced
by DNRA) into 15 N2 . Then, the samples were measured using
MIMS. The DNRA rates calculations are detailed in Appendix
A (Supplementary methods 1.1).
The potential nitrification rates (PNR) and potential ammonification rates (PAR) were also measured to calculate the
fate of reactive nitrogen. Their detailed testing methods are
described in Appendix A (Supplementary methods 1.2).

1.4.

Molecular analysis

DNA was extracted using a PowerSoilTM DNA Isolation Kit
(MOBIO, USA), according to the manufacturer’s instructions.
Abundances of related nitrate reduction genes (nirS gene,
anammox bacterial 16S rRNA gene, and nrfA gene) were measured via a real-time q-PCR analysis with an ABI 7500 Detection System (Applied Biosystems, Canada) with the SYBR
green method. The detailed q-PCR conditions and primers for
these genes are listed in Table S1 (Supplementary Material).
The 10-fold dilution series (102 –109 copies) of the standard
plasmid DNA were used as standard curves for the nitrate reduction genes (Zheng et al., 2016). The amplification efficiencies were 91.6%, 93.7%, and 90.8% for nirS, anammox bacterial
16S rRNA gene (AMX), and the nrfA gene, respectively. Abundances of nitrate reduction genes were calculated based on
the standard curve and then converted into copies/gram of dry
soil.

1.5.

Statistical analysis

In this study, the temporal and spatial differences of the samples were tested using an independent sample T-test. Correlations between variables were analyzed using Pearson’s cor-
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Fig. 2 – Mean concentrations of sediment physicochemical properties in aquaculture and non-aquaculture sites.

relation. A redundancy analysis (RDA) was performed using
Canoco for Windows 4.5 software to clarify the influence of
environmental factors on the potential rates and abundances
of the functional genes based on the results of the detrended
correspondence analysis.

2.

Results

3.1.

Geochemical properties

Marine aquaculture had significant effects on sediment properties in both summer and winter in Sansha Bay (Fig. 2 and
Appendix A Fig. S1). Based on the results of the independent sample T-test, significant seasonal and spatial variations were found for the concentrations of Fe2+ , Fe3+ , and
sulphides in the surface sediment of Sansha Bay. Concentrations of Fe2+ , Fe3+ , TOC, NO2 − , NH4 + , NO3 − , and sulphides
were significantly higher in the aquaculture area than in the
non-aquaculture area (t-test, p < 0.05), and concentrations
of Fe2+ and sulphides were significantly higher in the summer than in the winter (t-test, p < 0.05). The Fe2+ concentrations ranged from 0.30 mg/g to 1.98 mg/g and 0.17 mg/g
to 1.39 mg/g in the summer and winter, respectively. Meanwhile, the Fe3+ concentrations were similar to those of the
Fe2+ in the sediment, ranging from 0.21 mg/g to 1.82 mg/g and
0.07 mg/g to 1.40 mg/g in summer and winter, respectively. The
TOC contents were significantly higher in the marine aquaculture area than in the non-aquaculture area, with ranges
of 5.39 mg/g to 26.99 mg/g in the summer and 5.31 mg/g to

27.12 mg/g in the winter. The sediment pH and salinity in Sansha Bay varied from 7.51 to 8.87 and 0.8 to 3.6, respectively,
with no significant differences between the aquaculture and
non-aquaculture sites. Note that the salinity was significantly
lower than that of normal seawater. The concentrations of
NO2 − and NH4 + ranged from 0.36 nmol/g to 28.8 nmol/g and
0.29 μmol/g to 31.15 μmol/g, respectively. Meanwhile NO3 −
concentrations ranged from 0.004 μmol/g to 0.333 μmol/g and
0.004 μmol/g to 0.263 μmol/g in the summer and winter, respectively. The vertical distributions (0–100 cm) of the geochemical properties of the core sediment samples are shown
in Appendix A Fig. S2. The concentrations of Fe2+ , Fe3+ , NO2 − ,
NH4 + , NO3 − , TOC, and sulphides decreased with increasing
depth, while pH and salinity showed no obvious changes with
depth.

2.2.

Rates of DNRP

Marine aquaculture significantly affected the sediment DNRPs
rates (Fig. 3 and Appendix A Fig. S3). In general, the DNF and
DNRA rates were higher in the aquaculture area than in the
non-aquaculture area (T-test, p < 0.05; Fig. 3), but the opposite was true for the ANA rates (T-test, p < 0.05; Fig 3 and Appendix A Fig. S3). The DNF rates in the summer were significantly higher than those in winter (T-test,
p < 0.05; Appendix A Fig. S3), ranging from 0.90 μmol/(kg h)
to 53.50 μmol/(kg h) and 0.35 μmol/(kg h) to 22.98 μmol/(kg h)
in the summer and winter, respectively. The vertical distributions of the DNF rates decreased with increasing depth, and
higher DNF rates were observed in the core sediment sam-
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Fig. 3 – Mean rates of DNF, ANA and DNRA in aquaculture
and non-aquaculture surface sediment.

Fig. 5 – Mean abundances of nirS, AMX, and nrfA gene in
aquaculture and non-aquaculture surface sediment.

differences in DNRA contribution were observed between the
aquaculture and non-aquaculture sites. The contributions of
ANA and DNRA to total nitrate reduction varied from 6.35%
to 24.69% and 11.89% to 14.79%, respectively. In the core sediment samples, the DNF and ANA contributions decreased and
increased with increasing sediment depth at the aquaculture
sites, respectively (Appendix A Fig. S5). Meanwhile, with sediment depth, the contribution of DNRA at aquaculture sites
had no significant changes, while a slight increase was observed at non-aquaculture sites (Appendix A Fig. S5).

2.3.

Fig. 4 – Relative contributions of DNF, ANA and DNRA to
total nitrate reduction in Sansha Bay surface sediment.

ples from the aquaculture sites (Appendix A Fig. S4). The spatial and vertical distributions of the DNRA rates were similar to those of the DNF rates, ranging from 0.16 μmol/(kg h)
to 4.53 μmol/(kg h) and 0.05 μmol/(kg h) to 2.48 μmol/(kg h)
in the summer and winter, respectively. Unlike the DNF and
DNRA rates, the ANA rates were significantly higher at the
non-aquaculture sites than at the aquaculture sites, especially
in the summer (T-test, p < 0.05), ranging from 0.20 μmol/(kg h)
to 5.52 μmol/(kg h) and 0.04 μmol/(kg h) to 2.43 μmol/(kg h)
in the summer and winter, respectively. The vertical distributions of the ANA rates also decreased with depth.
Marine aquaculture also regulated the contributions of different nitrate reduction processes in the study area (Fig. 4).
DNF was the dominant DNRP pathway in Sansha Bay, contributing 63.31%–75.72% to the total nitrate reduction in the
summer and 70.14%–81.28% in the winter. The DNF contribution at marine aquaculture sites was significantly higher
than that at non-aquaculture sites (T-test, p < 0.05). Conversely, the contribution of ANA to the total nitrate reduction at aquaculture sites was significantly lower than that at
non-aquaculture sites (T-test, p < 0.05), while no significant

Abundances of functional genes

Significant spatial and temporal variations were observed in
the abundances of the nirS, AMX, and nrfA genes (T-test,
p < 0.05; Fig. 5 and Appendix A Fig. S6). The abundances of nirS
and nrfA were significantly higher at aquaculture sites than at
non-aquaculture sites (T-test, p < 0.05). In the summer, AMX
abundances were higher at non-aquaculture sites, but no significant difference was found in the winter. The abundances
of nirS, nrfA, and AMX in Sansha Bay ranged from 3.21 × 106 to
2.94 × 108 , 1.14 × 106 to 9.26 × 107 , and 1.20 × 106 to 7.95 × 107 ,
respectively. The vertical distributions (0–100 cm) of the functional genes in the core sediment samples are shown in Appendix A Fig. S7, revealing that the abundances of AMX, nirS,
and nrfA all decreased with increasing depth.

2.4.

Drivers of DNRP

A Pearson’s correlation and RDA were conducted to elucidate
the relationships among the DNRPs rates, related functional
gene abundances, and physicochemical properties (Fig. 6 and
Appendix A Fig. S8). Based on the RDA results, marine aquaculture significantly influenced the physicochemical properties and DNRPs rates, wherein aquaculture sites and nonaquaculture sites can be divided into two distinct groups. The
concentrations of TOC, Fe2+ , and NO3 − were significantly positively correlated with the DNF and DNRA rates for both seasons (p < 0.05). In the summer, the NH4 + , NO2 − , and sulphide
concentrations were significantly positively correlated with
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Fig. 6 – Redundancy analysis (RDA) of DNRP rates,
associated functional gene abundances, and
physicochemical characteristics. The yellow dots represent
aquaculture sites, and the blue dots represent
non-aquaculture sites.

the DNF and DNRA rates (p < 0.05). Further, the ANA, DNF, and
DNRA rates were significantly positively correlated with the
abundances of AMX, nirS, and nrfA (p < 0.05), respectively.

3.

Discussion

3.1.
Effects of marine aquaculture on DNRP in
semi-enclosed bay
In this study, marine aquaculture in a semi-enclosed bay significantly changed sediment DNRPs as compared with nonaquaculture sites (Figs. 3 and 4) by altering the microenvironments and availability of substrates in the sediment
(Deng et al., 2020; Murphy et al., 2018). We observed significantly higher TOC contents at aquaculture sites than at nonaquaculture sites (Fig. 2) because marine aquaculture can increase sediment TOC contents as a result of the abundance
of uneaten feed, senescent phytoplankton, and the rapid accumulation and decomposition of feces (Gao et al., 2019;
Ricardo et al., 2005; Steeby et al., 2004). Based on our data, the
DNF and DNRA rates were significantly positively correlated
with TOC content, indicating that TOC can be an important
factor increasing the DNF and DNRA rates in aquaculture areas. This is because TOC provides electron donors and substrates for DNF and DNRA microorganisms, thus increasing
the rates. Previous studies also supported the role of TOC in
increasing DNF and DNRA rates (Deng et al., 2015; Gao et al.,
2019; Shan et al., 2016). In the study area, we detected higher
concentrations of nutrients (NH4 + , NO2 − , and NO3 − ) in the
aquaculture sediment than in the non-aquaculture sediment

381

(Fig. 2). The RDA analysis indicated that nutrients can regulate the DNF and DNRA rates. Higher concentrations of NH4 +
in the sediment can provide more substrates for nitrification under an aerobic environment, further increasing nitrification rates in the aquaculture area (Appendix A Fig. S9).
These higher nitrification rates lead to higher concentrations
of NO2 − and NO3 − . Therefore, concentrations of NO2 − and
NO3 − in the sediment were higher at aquaculture sites, and
significantly positively correlated with the DNF and DNRA
rates. As NO2 − and NO3 − are essential substrates for both DNF
and DNRA, their presence eases internal competition between
DNF and DNRA functional bacteria, thus increasing their rates
(Gao et al., 2017; Shan et al., 2016). Previous studies have reported that nutrients play a key role in regulating DNRP rates
(Cheng et al., 2016; Deng et al., 2015). We found significantly
higher concentrations of Fe2+ and sulphide at aquaculture
sites than at non-aquaculture sites (Fig. 2), indicating a more
reduced condition in the aquaculture area. Rapid accumulation and decomposition of organic matter in the aquaculture
sediment may lead to higher oxygen demand and depletion
(Ricardo et al., 2005). Under anaerobic conditions, more reduced substances, such as Fe2+ and sulphide, are produced at
aquaculture sites than at non-aquaculture sites (Ricardo et al.,
2005). The DNF and DNRA rates were significantly positively
correlated with sediment concentrations of Fe2+ and sulphide,
as both Fe2+ and sulphide are involved in DNRPs. Fe2+ is an
electron donor to NO3 − or NO2 − in sediment DNRPs (Li et al.,
2015; Roberts et al., 2014). Sulphides can be involved in the processes of DNF and DNRA in marine environments (Deng et al.,
2015; Gao et al., 2017; Yin et al., 2015). Further, it has been assumed that sulphide serves as an additional electron source,
particularly for the DNRA process (Reyes-Avila et al., 2004;
Wang et al., 2009). Fe2+ and sulphides have also been reported
to be involved in DNRPs in other environments and aquaculture areas (Gao et al., 2019; Li et al., 2015; Wei et al., 2020).
In this study, sediment ANA rates had no significant correlation with sediment properties, with the exception of a significant positive correlation with the concentrations of Fe3+ in
the winter (Fig. 6). Further, ANA could be coupled to Fe3+ reduction, wherein Fe3+ receives electrons from NH4 + oxidation
(Huang et al., 2016; Yang et al., 2012).
The abundances of the nirS, AMX, and nrfA genes were
significantly different between the aquaculture and nonaquaculture sites (Fig. 5 and Appendix A Fig. S6), indicating
that marine aquaculture can change the functional gene composition of microorganisms, which is consistent with previous
research (Krishnani 2010; Yang et al., 2018). Based on the RDA,
the abundances of the functional genes were significantly correlated with sediment physicochemical characteristics (Fig. 6),
implying that marine aquaculture also regulated the abundance of functional genes by altering the sediment physicochemical characteristics. The DNF and DNRA rates were significantly positively correlated with the abundances of the nirS
and nrfA genes, respectively, which is consistent with previous
research (Hou et al., 2015; Smith et al., 2015; Yin et al., 2017).
Changes in the TOC, NH4 + , NO3 − , and NO2 − at aquaculture
sites significantly affected the abundances of nirS and nrfA,
which further enhanced the DNF and DNRA rates. Previous
studies have indicated that the abundances of nirS and nrfA in
sediment are significantly influenced by changes in sediment
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properties (Gao et al., 2017; Shan et al., 2016). Higher abundances of nirS and nrfA in the aquaculture sediment may be
caused by higher abundances of Rhodocyclales, which are the
main microbes driving DNF and DNRA in the surface sediment
of the aquaculture ponds (Deng et al., 2020). In this study, the
DNF contributions to the total nitrate reduction of the aquaculture sediment were 69.89% and 81.19% in the summer and
winter, respectively, which are significantly higher than those
at the non-aquaculture areas (56.45% and 72.06% on average in
the summer and winter, respectively). Because of the suitable
conditions for denitrifying bacteria growth at the aquaculture sites, the DNF contribution to the total nitrate reduction
significantly increased (Fig. 4). Similarly, the contributions of
DNRA at the aquaculture sites (averages of 18.21% and 12.46%
in the summer and winter, respectively) were also higher than
those at the non-aquaculture sites (averages of 13.69% and
12.00% in the summer and winter, respectively). Thus, the influence of aquaculture made DNRA an increasingly important
nitrate reduction process. In this study, a lower abundance of
the AMX gene was observed at the marine aquaculture sites
than at the non-aquaculture sites, especially in the summer
(Fig. 5). Because of this lower AMX abundance, the contributions of ANA to the total nitrate reduction at the aquaculture sites were 11.90% and 6.35% in the summer and winter, respectively, which are significantly lower than those at
the non-aquaculture sites (29.86% and 15.94%, on average, in
the summer and winter, respectively). The abundance of AMX
was significantly positively correlated with the ANA rate, indicating that marine aquaculture in Sansha Bay can decrease
AMX abundances. ANA bacteria may weakly adapt to this
fluctuating environment (low oxygen) at slower growth rates
than denitrifiers (Wang and Gu, 2014), thus, denitrifying bacteria should have a competitive advantage (Fu et al., 2019). At
aquaculture sites, phytoplankton respiration, fish growth, and
rapid organic matter accumulation significantly increased dissolved oxygen (DO) demand, leading to decreased DO in the
surface water (Takashi et al., 2007). The lower DO at the aquaculture sites (on average 6.56 mg/L and 6.72 mg/L in the surface water of aquaculture and non-aquaculture sites, respectively; on average 6.46 mg/L and 6.62 mg/L in bottom water
for aquaculture and non-aquaculture sites, respectively) and
the changes in sediment properties (such as concentrations
of TOC, Fe2+ , and nitrate) benefited the growth of denitrifying
bacteria, which may have led to the decrease in the AMX gene
and the increase in the nirS gene.
Based on our data, the DNRPs rates of the sediment cores
were also significantly correlated with the concentrations of
TOC, NH4 + , NO3 − , and NO2 − , which is consistent with previous studies (Gao et al., 2017; Hou et al., 2012). The DNF,
ANA, and DNRA rates decreased significantly with increasing
depth (Appendix A Fig. S4) because the TOC and nutrient contents decreased with increasing depth (Appendix A Fig. S2).
At the aquaculture sites, the contribution of DNF to the total nitrate reduction in the sediment cores significantly decreased with increasing depth, and the opposite was found for
the ANA contribution (Appendix A Fig. S5). This variation may
be caused by changes in TOC with depth. Organic matter accumulation decreased with increasing depth at the aquaculture
sites, which may significantly alter the competitive relationship between ANA bacteria and denitrifiers (Shan et al., 2016).

Fig. 7 – Nitrogen retention index (NIRI) in Sansha Bay.

3.2.

Potential effects of marine aquaculture on N pollution

Marine aquaculture significantly increases the contributions
of DNF and DNRA to the total nitrate reduction, but significantly decreases the ANA contribution (Fig. 4). Because the
average surface sediment bulk density is within 0–5 cm, we
estimated that the annual conversion flux of NO3 − to NH4 +
was approximately 16.98 g/m2 and 8.16 g/m2 for the aquaculture and non-aquaculture sites in Sansha Bay, respectively. In
addition, annual N removal was approximately 104.67 g/m2
(10.23 g/m2 for ANA and 94.44 g/m2 for DNF) and 59.95 g/m2
(15.65 g/m2 for ANA and 44.30 g/m2 for DNF) at the aquaculture and non-aquaculture sites, respectively. The reactive
N retained from nitrate reduction and removed from the
aquaculture sediment were 2.08 and 1.75 times that at the
non-aquaculture sites, respectively. Increased DNRA and decreased ANA concentrations implied that marine aquaculture may lead to a gradual increase in the retention of reactive N from nitrate reduction. The nitrogen retention index
(NIRI) is the ratio between DNRA and DNF+ANA, and reflects
the reactive N retained from nitrate reduction versus that removed (Algar and Vallino, 2014; Plummer et al., 2015). The
NIRI value at the aquaculture sites was significantly higher
than at the non-aquaculture sites in the summer (Fig. 7), implying that marine aquaculture significantly increased N retention from nitrate reduction. DNRA was reported to be favored over DNF under the micro-environmental conditions
of organic matter accumulation and poor NO3 − (Silver et al.,
2001; Wei et al., 2020), which supports our findings. Previous studies have shown that aquaculture can enhance sediment ammonification due to the accumulation of organic
matter, and that this enhancement increases with aquaculture age (Hargreaves 1998; Masuda and Boyd, 1994). In this
study, we found that aquaculture can increase net N retention due to higher PAR and PNR rates (Fig. S9). Annual N retention fluxes from ammonification and nitrification at aquaculture and non-aquaculture sites were 8.27 kg/m2 (8.04 kg/m2
for NH4 + and 0.23 kg/m2 for NOx − ) and 3.74 kg/m2 (3.60 kg/m2
for NH4 + and 0.14 kg/m2 for NOx − ) in the surface sediments,
respectively. Overall, the net N retention (including N retention from nitrate reduction and that from ammonification
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Fig. 8 – NIRI and N retention spatial distribution in Sansha Bay. Black arrows represent flood current. Black circles represent
potential N pollution influenced by tide and waves.

and nitrification) in the aquaculture area was significantly
higher than at the non-aquaculture sites. According to Google
Earth (https://google-earth.en.softonic.com/), the area of Sansha Bay is 76,856.12 ha, wherein the area of the aquaculture sites is 25,651.86 ha. The net annual N retention at the
aquaculture and non-aquaculture areas were 2.12 × 106 tons
(2.06 × 106 tons for NH4 + and 5.96 × 104 tons for NOx − ) and
1.92 × 106 tons (1.84 × 106 tons for NH4 + and 7.25 × 104 tons
for NOx − ), respectively. However, the annual N removal rates
were only 2.69 × 104 tons and 2.87 × 104 tons at the aquaculture and non-aquaculture areas, respectively, which are significantly lower than the net N retention rates. These results
imply that if both the marine aquaculture area and age increased, reactive N pollution in semi-enclosed bays may be
aggravated.
Sansha Bay is a semi-enclosed bay with a long water exchange period (less than 10 days along the main channels,
and exceeding 1 month from the tidal flats to bay head areas)
(Lin et al., 2017), and pollutants can easily accumulate in its
aquatic ecosystems. As N is released from sediment, N in deep
sediment may become a source of N release. In the marine
aquaculture area, the abundant reactive nitrogen accumulation from ammonification in sediment may diffuse and contaminate the entire bay under tidal and wave effects. Based on
the directions of the flood and ebb currents (Appendix A Fig.
S10), and the NIRI and N retention spatial distributions, the
potential N pollution areas influenced by the tide and waves
were outlined (Fig. 8). The entire Sansha Bay is significantly
influenced by flood and ebb currents from the main channel.
The tidal current velocity reached 1 m/s in the main channel (Lin et al., 2017), which is a relatively high velocity that

is beneficial for the transportation and resuspension of sediment. Therefore, the retained N in the aquaculture area can
diffuse upward and be transported via tidal and wave processes. Based on the land use types in the catchment of Sansha Bay, more than 90% is natural cover (forestland and grassland), while agriculture and urban land cover less than 5.5%
(agriculture land cover: 4.0%; urban land cover: 1.5%). In addition, the catchment area of Sansha Bay is small (approximately 9343.62 km2 ), which implies there is only a small supply of reactive N from the entire catchment. Urban land and
intense reclamation (culture ponds) can transfer N to marine
ecosystems via domestic emissions and industrial discharge
(Cheng et al., 2016; Gu et al., 2012; Yu et al., 2013), but these
human activities were centralized mainly in the west of Sansha Bay (Ningde City) (Fig. 8). Therefore, terrestrial inputs of
N in this area should be limited, which was confirmed by a
previous study (Wang et al., 2018). The results showed that
marine aquaculture can accelerate N pollution more than N
transfer from the terrestrial system to the ambient catchment,
and that marine aquaculture is the dominant source of nitrogen pollution in the Sansha Bay marine ecosystem. It can
be inferred from our findings that marine aquaculture is the
dominant factor regulating DNRPs and the fate of N in semienclosed bays, thereby providing a reference for nitrogen pollution control in marine aquaculture areas.

4.

Conclusions

This study reported the effects of marine aquaculture on sediment DNRPs, the fate of N, and their environmental implica-
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tions in a typical semi-enclosed bay. Long-term marine aquaculture significantly increased the DNF and DNRA rates and
decreased the rate of ANA, as compared with non-aquaculture
sites. DNF was the dominant nitrate reduction pathway, and
the contribution of DNF to total nitrate reduction increased
at aquaculture sites. Marine aquaculture can significantly affect the physicochemical characteristics and abundances of
related functional genes, leading to variations in the nitrate
reduction rates. Although the nitrate removal rates increased
in the marine aquaculture area, the net reactive N retention
in the sediment exceeded nitrogen removal. Reactive nitrogen
retained in marine aquaculture sediment can diffuse with the
tidal current to the entire bay, thereby aggravating N pollution in the study area. Further, the results showed that marine aquaculture is the dominant source of nitrogen pollution
in Sansha Bay. Our findings provide insights into nitrogen pollution control in semi-enclosed bays with well-developed marine aquaculture.
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