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are over 700 disinfection byproducts (DBPs) in water; evaluating each compound is practi-
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cally impossible and very time consuming. A bioanalytical approach could be an answer to
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this challenge. In this work, the response of four major classes of DBPs toward mitochondrial membrane potential (m) and cytoplasmic adenosine triphosphate (C-ATP) was in-
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vestigated with human carcinoma (HepG2) cells. Within 90 min of cell exposure, only the
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haloacetic acid (HAA) mixture caused a cytotoxic response as measured by C-ATP. All four
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groups (haloacetonitriles (HANs), trihalomethanes (THMs), nitrosamines (NOAs), and HAAs)
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responded well to m, R2 > 0.70. Based on the half-maximum concentration that evoked
a 50% response in m, the response gradient was HANs >> HAAs ∼ THM > NOAs. The
inhibition of the m by HANs is driven by dibromoacetonitrile (DBAN), while dichloroacetonitrile (DCAN) did not cause a significant change in the m at less than 2000 μM. A
mixture of HANs exhibited an antagonistic behavior on the m compared to individual
compounds. If water samples are concentrated to increase HAN concentrations, especially
DBAN, then m could be used as a biomonitoring tool for DBP toxicity.
© 2022 The Research Center for Eco-Environmental Sciences, Chinese Academy of
Sciences. Published by Elsevier B.V.

Introduction
Water is a cardinal pillar of life; to remove microbes, dissolved
salts, and other contaminants, technologies like membranefiltration, coagulation, adsorption, ultraviolet (UV) irradiation,
ozone, chloramination, and chlorination are used (Jiang et al.,
2016; Keucken et al., 2017; Sharma et al., 2019; Watson et al.,
2012). Physical methods (e.g., coagulation and adsorption) incompletely remove organic matter and pathogens; thus, the
∗
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use of chlorination, ozone, and UV is needed for disinfection.
The implementation of chemical disinfectants leads to toxic
disinfection byproducts (DBPs). Over 700 DBPs have been discovered in water (Richardson, 2011), including halogenated
and nonhalogenated, carbonaceous and nitrogenous, and organic and inorganic compounds. The major classes of DBPs
include trihalomethanes (THMs), haloacetic acids (HAAs),
haloacetonitriles (HANs), halonitromethanes (HNMs), haloacetamides (HAMs), and nitrosamines (NOAs) (Pressman et al.,
2010; Weinberg et al., 2002). Brominated and iodinated DBPs
top the toxicity list of DBPs (Cortés and Marcos, 2018). DBP
formation and concentrations are driven by the disinfection method and the quantity of organic matter in water
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(Li and Mitch, 2018), which demonstrate the dependence of
water quality on treatment technologies.
Although the adverse effects of many DBPs are not
fully known, DBPs are reported to be cytotoxic, carcinogenic, and/or genotoxic to several species. Epidemiological
studies have found links between DBP exposure and bladder/colon cancer, abortion, and low birth weight (Costet et al.,
2011; Gallagher et al., 1998; Villanueva-Ponce et al., 2015).
THMs are mutagenic to Salmonella typhimurium TA1535 strain
(Pegram et al., 1997), and their toxicity is mediated by
the induction of glutathione S-transferase metabolic activity (Schlosser et al., 2015). THMs affect mitochondria performance through Rhodamine 123 inhibition (Hartig et al.,
2005). Nitrosamines are linked to producing thiobarbituric
acid reactive substances in rats (Hassan and Yousef, 2010).
Also, N-nitrosodimethylamine (NDMA), the most frequently
detected compound in the NOA class, induces Noxa and puma
proteins in the apoptosis of mitochondria in mammalian
cells (Iwaniuk et al., 2019). HAAs inhibit glyceraldehyde-3phosphate dehydrogenase, reducing cytoplasmic adenosine
triphosphate (ATP) (Dad et al., 2018). Dichloroacetonitrile
(DCAN) forms histopathological alterations, generating hepatic sinus dilation, hemorrhage, vacuolar degeneration, and
renal tubular swelling (Dong et al., 2018). The acute toxicity of HANs is related to cyanide ion release. Cyanide attenuates mitochondrial function by decreasing succinate dehydrogenase, citrate synthase, and complex I, IV, and V performance (Zhang et al., 2021). Though DBPs may have common
precursors and result from a common disinfection process,
their toxicity mechanisms and endpoints vary for different
DBP classes.
To detect and quantify DBPs, machines like mass spectrometry (MS) have been widely employed. However, the intense capital investment in MS precludes most low-income
communities from monitoring DBPs. In addition, the time involved in MS sample preparation makes it hard to detect DBPs
in real time; thus, using MS to detect DBPs can be equated to
postmortem analysis. Cell bioassays are a promising approach
to detecting and quantifying water quality; they can be cheap
and reliable in detecting contaminants (US EPA, 2018). When
cells are exposed to contaminants, a quantifiable change in
endpoint like proliferation, cytotoxicity, metabolic activity,
viability, mitochondrial membrane potential (m), among
others, can be observed (Baderna et al., 2019).
Chemicals enter the cell either by passive or active transport. The latter is energy intense; it can quickly plummet cytoplasmic ATP (C-ATP) and affect the mitochondrial membrane
potential, m (Nicholls and Budd, 2000). The state of m
is an important index of the bioenergetic state of a cell. Live
or fast-growing cells exhibit higher m than senescent cells
(Dong et al., 2018; Huang, 2002). The changes in m can be
noticed in less than two hours upon cell exposure to a contaminant (Sakamuru et al., 2016).
Given the quick response of m and C-ATP to energyconsuming pollutants, some studies have applied them to investigate the toxicity of DBPs. Chen and team investigated
the response of mitochondria in the presence of chloroacetic
acid (CAA) and found that CAA attenuates mitochondria performance through m loss (Chen et al., 2013). However, the
study was limited to only CAA. In another study, DBPs induced

toxicity by reducing ATP carrier SLC25A6 genes (Chen et al.,
2019). This study was limited to only three compounds from
three different classes of DBPs. Dad et al. (2018) studied
the cytoplasmic ATP during HAA exposure. They found that
HAAs inhibit cell function by affecting pyruvate dehydrogenase complex activity (Dad et al., 2018, 2013). Though mono, di-, and tri-HAA were covered in this study, the behavior
of major classes like NOAs and HANs is lacking. Other studies that have investigated the response of m and ATP
include Dong et al. (2018), Faustino-Rocha et al. (2016), and
Hong et al. (2018). Though these studies have established
the relationship between individual DBPs and mitochondria,
there is a lack of information on how different DBP mixtures
respond to m and C-ATP. This study addresses the research
gap by investigating mixtures of major classes of DBPs.

1.

Methods and materials

1.1.

Chemicals and reagents

The tested DBPs (see Section 1.4) were purchased from AccuStandard® (New Haven, CT, USA), Alfa Aesar (Ward Hill,
MA, USA), and Beantown chemical (Hudson, NH, USA); the
purity of the compounds was at least 98%. Fetal bovine
serum (FBS) cell supplement and Eagle’s minimum essential
medium (EMEM) were obtained from ATCCTM (Manassas, VA,
USA), while penicillin-streptomycin solution (PSS) and trypan blue were obtained from HycloneTM (South Logan, UT,
USA). Carbonyl cyanide-p-trifluoromethoxyphenylhydrazone
(FCCP) was purchased from Sigma-Aldrich (St. Louis, MO, USA).
The 200X signal enhancer, 10X buffer solution, and m
indicator were obtained from CodexTM (Gaithersburg, MD,
USA). CellTiter-Glo® and CellTiter-Blue® were purchased from
Promega (Madison, WI, USA).

1.2.

Cell culture

The HepG2 cells were cultured based on the distributor’s protocol and previously described elsewhere (AtteneRamos et al., 2015; Kajjumba et al., 2021; Sakamuru et al., 2016).
In summary, the deep-frozen preserved cells were thawed and
cultured in a T-75 flask containing 89% EMEM, 10% FBS, and
1.0% PSS. The cells were incubated at 37.0 ± 0.5°C in a 5.0% ±
0.2% CO2 environment. After attaining 60%–90% confluence,
the cells were passed to a new flask and/or seeded in a 96
black-wall, clear-bottom plate (Greiner Bio-One North America, Monroe, NC) for subsequent experiments.

1.3.

m and C-ATP assays

The m and C-ATP (cytotoxicity) assay protocols can be
found in our previous study (Kajjumba et al., 2021). The plates
were seeded with 50 μL of 800,000 cells/mL at 37.0°C in a 5.0%
CO2 environment. After 4.0 hr, the cell culture medium was
removed and replaced with a medium containing different
concentrations of DBPs; for HAAs, NOAs, and HANs, the volume was 50 μL. However, for volatile THMs (partial pressure >
5.0 × 10−4 atm/(m3 ·mol)), the wells were filled with 350 μL to
reduce headspace partitioning, and the plates were covered
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Fig. 1 – Assay preparation; each assay was modified based on this procedure.

with an alumina seal. It is important to note that the solubility level of the DBPs must not be exceeded in the solution.
The solvent concentration in the cell culture medium (V/V)
was kept below 1.0% to eliminate toxic effects from the solvents (e.g., methanol, acetone). The treatment stage was accomplished by incubating the plates for 60 min at 37.0 °C in a
5.0% CO2 environment. After the treatment stage with DBPs,
50 μL of m indicator were added to HAAs, NOAs, and HANs
treated cells. For THMs, ∼300 μL were removed, and to the remaining 50 μL of cell culture medium, 50 μL of m indicator
were added. After adding the m indicator, the plates were
incubated again for another 30 min before measuring the fluorescence on a SpectraMax i3x microplate reader; the steps are
summarized in Fig. 1. For C-ATP measurement, either 50 μL of
CellTiter-Glo® were added immediately after reading m response or a separate set of experiments was conducted. As determined during method validation, the m indicator does
not interfere with the CellTiter-Glo® luminescence. The relative activity of m or C-ATP amount was estimated using Eq. (1). Here, As is the fluorescence or luminescence (F/L)
of a sample, BPC is the F/L of the positive control—used to
eliminate the effect of the background “noise,” and CNC is the
F/L of the negative control. FCCP was used as a positive control, resulting in complete disruption of m at 2000 μmol/L
(Sakamuru et al., 2016). The cell culture medium was used as
a negative control to represent no DBP treatment. For quality assurance and control, at least two separate experiments
were conducted for each test in triplicate. In total, each data
point represents at least three independent replicates. Data
were analyzed using Origin 2020b software. Sigmoidal logarithmic dose-response curves were generated to estimate effective concentrations, EC1.5 and EC50 .
Relative  m or C − ATP =

1.4.

As − BPC
CNC − BPC

(1)

DBP mixtures

The HAN mixture was composed of four compounds, DCAN,
DBAN, TCAN, and BCAN (HAN-4), while the HAA mixture
was composed of five chemicals, namely CAA, DCAA, TCAA,

BAA, and BCAA (HAA-5). The THM mixture was made from
four compounds: BF, CF, DCBM, and DBCM (THM-4). The nitrosamine mixture was prepared from NDEA, NDMA, NDPhA,
NDPA, NMEA, NMOR, NPIP, and NPYR (NOA-8). For each mixture, the individual chemical concentration (in molarity) was
the same.

1.5.
DBPs

Additivity, antagonistic and synergistic effects of

Different models are proposed to estimate the additivity, antagonistic, and synergistic (AAS) effects of drugs, pharmaceuticals, pesticides, and contaminants. Rider and Simmons, in
their book, meticulously described the different AAS models
that have been developed since the 1920s (Rider et al., 2018).
In this study, a Chou-Talalay model was used to estimate the
AAS of HANs (Chou, 2010). Data for individual HANs were fitted to generate a fixed combination ratio to the median-effect
equation, Eq. (2).


fa = 1/ 1 + (Dm /D )m

(2)

Here, fa represents the fraction of affected m, Dm
is the median-effect dose, D is the dose, and m is the
slope. The Chou-Talalay model combines the Hill, HendersonHasselbalch, Michaelis-Menten, and Scatchard equations to
develop a robust model that can predict the combined effect
of drugs/contaminants. The model relies on the combination
index (CI). When the CI > 1.0, the compounds are antagonistic. If the CI < 1.0, the compounds are synergistic, and CI =1
indicates additive effects (Rider et al., 2018). The CI is calculated first by fitting data from each contaminant alone, and
a fixed ratio combination of a contaminant to the median effect is established. The rearranged Hill and Michaelis-Menten
equations establish the unknown dose effect. The CI value is
then calculated from the resulting parameter estimates using
Henderson-Hasselbalch and Scatchard equations. CompuSyn
software (Paramus, NJ, USA) was used to calculate the CI, and
the step-by-step application of the model can be found on the
developers’ YouTube channel (Chou, 2017).
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Fig. 2 – (A) m and (B) C-ATP response at different THM-4
concentrations. Treatment time = 90 min, cells per
well = 40,000, cell culture medium volume per
well = 350 μL. Each data point represents a mean of 3-8
independent values, and error bars show one standard
deviation.

2.

Results and discussion

2.1.

Trihalomethanes

The four compounds in THM-4 were chosen because of their
relatively high abundance in treated water. The effect of THM4 on m and C-ATP was tested at 10, 50, 100, 200, 500, 1000,
and 3000 μmol/L; at each concentration, the amount of each
individual compound was equal (i.e., the 10 μmol/L test contained 2.5 μmol/L of each THM). Following m and C-ATP
measurement, the number of viable cells was calculated with
CellTiter-Blue®. The negative control (untreated cells) elicited
a response of 114.0% ± 11.1%, while the positive control (FCCP
treated cell) induced a response of 0.0 ± 0.1%.
Fig. 2A shows the response of HepG2 m at varying THM4 concentrations; no significant drop in m was observed at
less than 500 μmol/L. HepG2 cells put up a strong resistance
towards THM toxicity. The THM-4 mix that caused a 1.5% decrease (EC1.5 ) in m compared to the untreated control was
877.6 μmol/L. However, as the concentration increased, the
m plummeted at 1000 μmol/L. The half-maximum THM4 mix concentration that evoked a 50% decrease (EC50 ) in the
m was 1024.0 μmol/L. At 2000 μmol/L, the m was totally lost, giving a response of 0.0 ± 3.7%. To ascertain that
the drop in m was not from apoptosis, a parallel cell viability response was conducted using the CellTiter-Blue® protocol. At 3000 μmol/L, the response of viable cells compared
to negative control was 103.2% ± 2.1%. Thus, the decrease
in m is attributed to the disruption of the m only. CATP was measured using the CellTiter-Glo® protocol. Fig. 2B
shows the change in C-ATP; a maximum gain in ATP response is observed at 100 μmol/L (152.10% ± 31.25%), and CATP did not drop below that of the negative control. Using the
luminescent-based Microtox assay (Aliivibrio fischeri strains),
individual chlorinated and brominated THMs were observed
to trigger EC50 at 10−4 to 10−2 mol/L (Stalter et al., 2016). The

THM mixture in this study elicited a similar response towards
m, EC50 = ∼10−3 mol/L.
Several toxicity studies have considered the toxicity of individual THMs rather than the whole THM family (Hartig et al.,
2005; Komaki and Ibuki, 2022; Stalter et al., 2016). At the individual level, the toxic potency of THMs is reported to be
driven by iodinated THMs, followed by brominated THMs, and
then chlorinated THMs (Stalter et al., 2016). Previous studies
have linked the loss of m to glucose uptake, acceleration
of lactate production, and mitochondrial permeability transition damage (Burke et al., 2007; Hartig et al., 2005). Chloroform facilitates the biotransformation of cytochrome P450
that leads to phosgene formation, a reactive oxygen species
(ROS) that can efficiently react with m proteins (de Castro Medeiros et al., 2019; Hartig et al., 2005). When rats were
administered with different THM compounds, THMs lowered
the activity of succinate dehydrogenase and ATP synthase
(Faustino-Rocha et al., 2016). This interferes with the electron
transport chain, which in return affects ATP synthesis. However, in our study, the measurement of cytoplasmic ATP with
CellTiter-Glo® elicited a different observation—cytoplasmic
ATP remained relatively the same. When cells are exposed to
THMs, ROS are generated. Through an orchestrated mechanism, ROS scavengers (e.g., catalase) are accumulated to prevent the cell from further damage (de Castro Medeiros et al.,
2019). The accretion of glutathione and the triggering of the
ROS defense mechanism increases respiratory activity and
cell bioenergy.

2.2.

Haloacetic acids

HAAs are among the regulated DBPs in the drinking water industry. They are formed mainly as a result of disinfecting water with chlorine. They have a low vapor pressure, less than
5.0 × 10−7 atm/(m3 ·mol), and they can easily absorb into the
bloodstream after ingestion (Parvez et al., 2019). And because
of this low vapor pressure, they do not vaporize at bathing
water temperatures, making it easier to penetrate the skin
(Cardador and Gallego, 2011). The US Environmental Protection Agency (EPA) regulates BAA, CAA, DCAA, DBAA, and TCAA
at a maximum level of 60 μg/L (Pals et al., 2011; US EPA, 2006).
We studied the effect of a mix of CAA, DCAA, TCAA, BAA
and BCAA (HAA-5) on m and C-ATP. After allowing cells
to attach to the well plate, each well was treated with 50 μL
of the respective HAA-5 concentration (10–3000 μmol/L). Because of the low partial pressure, headspace within the well
was considered acceptable. During the m assessment, negative and positive controls averaged at 111.7% ± 3.3% and
0.0 ± 0.1%, respectively. For C-ATP, the negative control was
100% ± 10.9%, and the positive control was 0.0 ± 0.2%. HAA-5
did not show a severe effect on m; at 500 μmol/L, the reduction in m compared to the negative control was 89.1% ±
8.3%. The HAA-5 concentration that caused an EC50 effect was
995.5 μmol/L, Fig. 3A. However, the reduction in m could
also be attributed to HAAs’ cell cytotoxicity. At 1000 μmol/L,
HAA-5 attenuated viable cells to 53.9% ± 1.8%, Fig. 3B.
When
the
m
response
dropped
to
half
(EC50 = 995.5 μmol/L), the cytoplasmic ATP plummeted
to 53.9% ± 1.8%. Glyceraldehyde 3-phosphate dehydrogenase (GAPDH) plays a central role in glycolysis. Mono-HAAs
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Fig. 3 – (A) m and (B) C-ATP response at different HAA-5
concentrations. Treatment time = 90 min, cells per
well = 40,000, cell culture medium volume per well = 50 μL.
Each data point represents a mean of at least four
independent values, and error bars show one standard
deviation.

have been linked to GAPDH blockage, which inhibits the
formation of pyruvate that is needed for mitochondria
metabolism (Pals et al., 2013). Di-HAAs, especially DCAA,
have been reported to increase cytoplasmic ATP (Dad et al.,
2018); however, they do not inhibit cytoplasmic ATP through
GAPDH introversion. In the presence of magnesium ions, the
pyruvate dehydrogenase complex (PDC) enzyme increases
the conversion of pyruvate to acetyl-CoA (De Marcucci and
Lindsay, 1985). When a cell is exposed to di- or tri-HAAs, PDC
enzyme activity increases, inhibiting pyruvate dehydrogenase
kinase, further increasing ATP production (Dad et al., 2018;
De Marcucci and Lindsay, 1985; Frey et al., 1989). In this study,
the overall ATP production decreased when the cells were
exposed to a mixture of HAAs composed of mono-, di-, and
tri-HAAs. This suggests that the inhibition of ATP in a cell exposed to an HAA mixture will be through GAPDH obstruction.
We hypothesize that in drinking water, the overall toxicity of
HAAs will be driven by mono-HAAs like CAA and BAA, which
fits with toxicity results for multiple endpoints as reported
by Stalter et al. (2016) and Muellner et al. (2007). Thus, during
water quality assessment, monitoring CAA and/or BAA in
water samples can provide a good benchmark for the toxicity
contributed by HAAs.

2.3.

Nitrosamines

In water treatment, NOAs are a result of ozonation and chloramination disinfection (Gerrity et al., 2015; Marti et al., 2015).
Among the NOAs, NDMA is detected the most in drinking water; it is regulated at 10.0 ng/L in Australia and at
40 ng/L in Canada (Gerrity et al., 2015; Minister of Health
of Canada, 2011). Eight NOAs (NDEA, NDMA, NDPhA, NDPA,
NMEA, NMOR, NPIP, and NPYR) were mixed at equal molar
concentrations (50-1600 μmol/L). After allowing cells to attach
to the well plate, 50 μL of respective NOA-8 mix at concen-
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Fig. 4 – m (A) and (B) C-ATP response at different NOA-8
concentrations. Treatment time = 90 min, cells per
well = 40,000, volume of medium per well = 50 μL. Each
data point represents a mean of at least four independent
values, and error bars show one standard deviation.

trations 50-1600 μmol/L were added to the cells. Because of
the low partial pressure (less than 7.0 × 10−6 atm/(m3 ·mol)),
headspace within the well was considered acceptable. After incubating the cells with NOA-8, m and cell cytotoxicity were measured. The negative and positive control for
m were 112.6% ± 19.9% and -2.6% ± 7.5%, respectively.
For C-ATP, the relative activity for the negative control was
105.6% ± 1.4% and the positive control was 0.0 ± 0.3%. The
NOA-8 mix did not elicit cytotoxic effects; the ATP remained
relatively constant throughout the tested range, Fig. 4B. At
1600 μmol/L, the C-ATP ratio compared to the unexposed
cells was 90.8% ± 11.6%. However, at elevated concentrations,
NOA-8 affected the m, Fig. 4A. The EC1.5 for NOA-8 was
244.1 μmol/L, while the half-maximum concentration that
caused a 50% reduction in m was 1468 μmol/L. Compared
to HAA-5 and THM-4 mixtures, NOA-8 elicited the least effect
on m.
The ability of NOAs to affect mitochondrial bioenergetics
has been employed as a model to study the effect of oxidative
stress, metabolism, phosphorylation, and cachexia injury in
muscles (Antunes et al., 2014; Oliveira et al., 2013; Yang et al.,
1990). Mitochondria play a crucial role in energy production
and cell death. They control apoptosis by regulating proteins
such as Bax, Bad, Bcl-2, Bcl-xL, and glutathione peroxidase;
these proteins control the m. In excess of Bcl-2 and/or
Bcl-xL, the m is lost, facilitating the opening of mitochondrial pores, which revokes the release of apoptosis-inducing
proteins like cytochrome C (Laothong et al., 2013). This further disrupts the electron transport between Complex I and IV
(Dinamarco et al., 2010). Cell exposure to NOAs attenuates antioxidant proteins, glutathione peroxidase, and phosphatidylglycerol that controls the lipid-ion channels of the membrane
(Antunes et al., 2014; Laothong et al., 2013). The attenuation
of phosphatidylglycerol suggests the loss of m. However,
NOA-8 did not show signs of cytotoxicity since the levels of CATP remained relatively constant. Thus, we hypothesize that
NOAs do not cause the excessive escape of cytochrome C. This
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Table 1 – Effective concentrations of DBPs on the m.

HAA-5
NOA-8
THM-4
HAN-4
DBAN
BCAN
DCAN
TCAN

EC1.5 (μmol/L)

EC50 (μmol/L)

R2 a

129.0
244.1
877.6
40.62
15.30
24.95
2607.0
31.02

995.5
1468.0
1024.0
130.5
28.84
147.5
7054.0
415.8

0.993
0.715
0.965
0.998
0.863
0.975
0.980
0.974

R2 is the coefficient of determination for the regression analysis
upon which the EC values were calculated. a Data is significant at
ρ < 0.05.

Fig. 5 – Dose-response curves of (A) HAN-4 on C-ATP and
m (B) DBAN, BCAN, TCAN, and DCAN effect on m.
Treatment time = 90 min, cells per well = 40,000, and
volume of medium per well = 50 μL. Each data point
represents a mean of 5-8 independent values, and error
bars show one standard deviation.

might explain why the effect of NOA-8 was less compared to
HAA-5 and THM-4 mixtures.

2.4.

Haloacetonitriles

HANs are an emerging and unregulated class of DBPs that
are formed in water as a result of chlorination and chloramination. There are different forms of HANs in water;
the most common include BCAN, DBAN, DCAN, and TCAN
(Lipscomb et al., 2008). When we measured HAN concentrations in drinking water, they ranged from non-detectable levels (<0.1 μg/L) to 5.5 μg/L (Unpublished results), with DCAN
topping the list. This is in agreement with other studies where
DCAN and other dihalogenated HANs are the most frequently
detected (Bond et al., 2015; Krasner et al., 1989; Liew et al.,
2016). A mixture of four HANs (HAN-4; BCAN, DBAN, DCAN,
TCAN) was used in this study. Fig. 5A elicits no effect of HAN4 on C-ATP; however, the HAN-4 mix negatively affected m.
At 130.5 μmol/L, HAN-4 induced a 50% reduction in the m
activity, while at 40.6 μmol/L, a noticeable change in m was
observed (EC1.5 ). Among DBP classes, the HAN class had a po-

tent effect on m. Based on the EC50 for the m assay, the
toxicity trend for DBP mixtures is HAN-4 >> HAA-5 ∼ THM-4
> NOA-8 (Table 1).
Due to the potent effect elicited by the HAN-4 mix on m,
the effect of individual HANs was expounded to compare the
change in m. The relative m responses of cells after
90 min of DBAN, BCAN, TCAN, and DCAN exposure are shown
in Fig. 5B. The m decreased as the number of bromide ions
and chloride ions in a given compound increased. The potency
gradient of HANs was DBAN >> BCAN > TCAN >>> DCAN.
DCAN hardly affected the m; at 4000 μmol/L, the m was
81.5% ± 14.3%. To achieve a 50% reduction in m with DCAN,
a concentration of 7054 μmol/L is needed. This level is over 54
times the EC50 value of the HAN-4 mix (130.5 μmol/L). The potency of TCAN and BCAN on m was moderate compared to
the HAN-4; EC50 values were 415.8 and 147.5 μmol/L, respectively, for TCAN and BCAN. DBAN elicited the strongest effect
on the m of HepG2 cells. An increase in DBAN concentration from 10 to 60 μmol/L plummeted the m activity from
92.3% ± 16.8% to 3.2% ± 0.1%. At 28.84 μmol/L, DBAN reduced
the m by 50% compared to the untreated cells. These results reveal that DBAN drives the potency of HAN-4. If used
as a biomonitoring tool, the m assay could be used to detect DBAN at concentrations ≥ 30 μmol/L (6 mg/L); however,
this is orders of magnitude above reported concentrations in
drinking water. Consequently, samples would require extraction and concentration prior to using this bioassay.
The acute toxicity of HANs can be attributed to their
metabolism by the cell to a potentially toxic compoundcyanide, CN− (Lipscomb et al., 2008). The presence of CN−
and other related metabolites (acylating agent and reactive ketone) can bind and inhibit thiol-containing proteins responsible for cellular respiration (Pals et al., 2016). Impeding the oxidative phosphorylation respiratory chain could generate ROS
responsible for the m decrease. When rats were administered 750 (μmol/L)/kg HAN, thiocyanate excretion followed a
trend of BCAN > DCAN > DBAN > TCAN (Lin et al., 1986). In our
study, the weakening of m is in the order of DBAN >> BCAN
> TCAN >>> DCAN. The number of bromine atoms in a compound dictated the declining m, followed by the number of
chlorine atoms. This observation can be explained by the nucleophilic substitution (SN2 ) tendency of halogens. The cyano
group in HANs is attached to an α-carbon with halogen sub-
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stitution through SN2 . Both the cyano group and the α-carbon
act as reactive centers. The SN2 potency of an alkyl bromide
[∼7 × 10−3 mol/L] is 8.5 times higher than that of an alkyl chloride [∼6 × 10−2 mol/L] (Schwarzenbach et al., 2003). Bromine
has a stronger leaving tendency than chlorine (Lu et al., 2018).
Thus, bromide compounds will make the cyano carbon more
electrophilic, rendering it a more reactive compound compared to chlorinated HANs.

2.5.
HANs

Additivity, antagonistic and synergistic (AAS) of

Contaminants in the water system can exist as single compounds or as groups; the latter applies to DBPs in water quality assessment. Most studies look at individual compounds,
but it is not clear if a mixture should be estimated as the
sum of individual toxicities or if the toxicity of multiple compounds is greater or lower due to synergistic or antagonistic
effects. Therefore, we compared mixtures and individual compounds for their impact on m. Among the tested DBP mixtures, HANs gave a strong response to m; thus, HANs were
selected for this investigation. The individual HANs (DBAN,
BCAN, TCAN, and DCAN) were mixed at a molar ratio of
1:1:1:1 to make HAN-4 concentrations of 100, 200, 300, and
400 μmol/L. Fig. 6A elicits the CI plot of HAN-4, and Fig. 6B
shows individual toxicity at the tested concentrations. DCAN
and TCAN contributed the least toxicity to the m damage,
while DBAN drove most of the toxicity. HANs elicited an antagonistic behavior at all tested concentrations. At a higher
concentration (300 and 400 μmol/L), both DBAN and BCAN
can plummet m to zero with no room left for TCAN and
DCAN to induce toxicity. However, the cause of antagonistic behavior at lower concentrations is not well known. More
data are needed for statistical confirmation of the trend. Studies should be conducted with varying low concentrations (25100 μmol/L) of HANs to complement this study where all HANs
were equal concentration. If HANs are antagonistic at lower
concentrations, it could limit the applicability of the m assay since it reduces the sensitivity of the assay at low concentrations.

2.6.

Fig. 6 – (A) Additivity, antagonistic and synergistic (AAS)
response based on Chou-Talalay model, (B) experimental
data at 100, 200, 300, 400 μmol/L HAN-4; the mixture molar
ratio is 1:1:1:1 for individual compounds. Individual m
effect was conducted at 25, 50, 75, and 100 μmol/L. The AAS
was modeled using the CompuSyn software (Paramus, NJ,
USA) (Chou, 2010).

Solvent effect on m

In most drinking waters, DBPs exist at ng/L and μg/L levels; direct measurement, either through analytical or bioanalytical techniques, requires concentrating samples through
extraction. DBPs are concentrated from water into solvents
like methyl tert-butyl ether (MTBE), methanol, dimethyl sulfoxide (DMSO), dichloromethane, and acetone, among others. In addition, analytical standards are sold in such solvents. The question is, how much solvent concentration can
interfere with the bioassay measurements? Fig. 7 elicits the
changes in the m at varying volume ratios (V/V) for DMSO,
MTBE, and methanol. m was not affected by methanol up
to 5%, whereas an effect was seen with 1.5% DMSO. MTBE
and dichloromethane had the strongest effect on m. At
5.0%, MTBE was responsible for 97.2% ± 1.5% m loss.
Dichloromethane is not included in Fig. 7 because even the
lowest amount (0.25%) resulted in total m loss, and the solvent deteriorated the plastic well plate. Thus, extreme care

must be taken in experiments where DBPs are dissolved in
MTBE and dichloromethane; otherwise, the response seen
could be driven by these solvents and not DBPs themselves.
Although sample extraction into a solvent raises the concentration of DBPs, it would be necessary to then dilute the extract
prior to use in a bioassay to avoid solvent effects. In pursuit
of finding a bioanalytical tool for monitoring drinking water
quality, there is a need to find better ways of extracting DBPs
into a solvent suitable for bioassay work.

3.

Conclusion

As water reuse is becoming a viable option to combat water
scarcity, there is an increased risk of forming emerging DBPs.
Measuring all known DBPs is time and cost prohibitive; therefore, there is a need to advance tools for measuring the over-
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Fig. 7 – Effect of solvent (V/V) on m. Exposure time = 90,
cells per well = 40,000 cell, and volume of medium per
well = 50 μL.

all toxicity of disinfected water rather than individual chemicals. The present work lays a foundation for assessing the
DBP toxicity of concentrated samples with a fast in vitro bioassay. In summary, we were able to establish the short-term effects of the four major DBP classes on m and C-ATP. The
four groups of DBP mixtures tested were THM-4, HAA-5, NOA8, and HAN-4. Targeting C-ATP as a quick bioanalytical assay did not yield a noticeable response in most DBP classes;
only HAA was able to give a positive response. All compounds
elicited a good correlation with m. The half-maximum
concentration that induced a 50% reduction in m for NOA8, THM-4, HAA-5, and HAN-4 was 1468.0, 1024.0, 995.5, and
130.5 μmol/L, respectively. The strong potency of HANs is
based on their ability to form CN− . Individual HANs decreased
m in the following order: DBAN >> BCAN > TCAN >>>
DCAN. Bromine is a better leaving group compared to chlorine; therefore, brominated HANs are more electrophilic than
chlorinated HANs. The number of bromine atoms in a compound dictates the disruption of m, followed by the number of chlorine atoms. In pursuit of developing a cheap and
reliable biomonitoring DBP tool, only HANs gave a strong response with the m assay. For those conducting bioassay
work, it is important to note that the use of solvents like
MTBE and dichloromethane have a potent effect on m,
and the amount of solvent should be minimized as much as
possible.
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